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A B S T R A C T

While new chemicals have replaced major toxic legacy contaminants such as polychlorinated biphenyls (PCBs)
and dichlorodiphenyltrichloroethane (DDT), knowledge of their current levels and biomagnification potential in
Baltic Sea biota is lacking. Therefore, a suite of chemicals of emerging concern, including organophosphate
esters (OPEs), short-chain, medium-chain and long-chain chlorinated paraffins (SCCPs, MCCPs, LCCPs), halo-
genated flame retardants (HFRs), and per- and polyfluoroalkyl substances (PFAS), were analysed in blue mussel
(Mytilus edulis), viviparous eelpout (Zoarces viviparus), Atlantic herring (Clupea harengus), grey seal (Halichoerus
grypus), harbor seal (Phoca vitulina), harbor porpoise (Phocoena phocoena), common eider (Somateria mollissima),
common guillemot (Uria aalge) and white-tailed eagle (Haliaeetus albicilla) from the Baltic Proper, sampled
between 2006 and 2016. Results were benchmarked with existing data for legacy contaminants. The mean
concentrations for ΣOPEs ranged from 57 to 550 ng g−1 lipid weight (lw), for ΣCPs from 110 to 640 ng g−1 lw
for ΣHFRs from 0.42 to 80 ng g−1 lw, and for ΣPFAS from 1.1 to 450 ng g−1 wet weight. Perfluoro-4-ethyl-
cyclohexanesulfonate (PFECHS) was detected in most species. Levels of OPEs, CPs and HFRs were generally
similar or higher than those of polybrominated diphenyl ethers (PBDEs) and/or hexabromocyclododecane
(HBCDD). OPE, CP and HFR concentrations were also similar to PCBs and DDTs in blue mussel, viviparous
eelpout and Atlantic herring. In marine mammals and birds, PCB and DDT concentrations remained orders of
magnitude higher than those of OPEs, CPs, HFRs and PFAS. Predator-prey ratios for individual OPEs (0.28–3.9)
and CPs (0.40–5.0) were similar or somewhat lower than those seen for BDE-47 (5.0–29) and HBCDD (2.4–13).
Ratios for individual HFRs (0.010–37) and PFAS (0.15–47) were, however, of the same order of magnitude as
seen for p,p′-DDE (4.7–66) and CB-153 (31–190), indicating biomagnification potential for many of the emerging
contaminants. Lack of toxicity data, including for complex mixtures, makes it difficult to assess the risks
emerging contaminants pose. Their occurence and biomagnification potential should trigger risk management
measures, particularly for MCCPs, HFRs and PFAS.
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1. Introduction

The Baltic Sea is a brackish, inland sea with slow water exchange
time with the Atlantic. It is surrounded by numerous countries with
dense populations, widespread agricultural activities and heavy in-
dustry, all releasing various chemicals including organohalogenated
compounds into the watershed or directly into the sea (Elmgren et al.,
2015 and references therein). The Baltic Sea also receives chemical
input via long range atmospheric deposition. This has led to the Baltic
Sea being one of the most highly contaminated seas in the world and
therefore hosts an ecosystem exposed to high concentrations of legacy
organohalogenated persistent organic pollutants (POPs) such as di-
chlorodiphenyltrichloroethane (DDT) and polychlorinated biphenyls
(PCBs) (Jensen et al., 1969, 1972). Biomagnification of anthropogenic
contaminants in top predators led to such high levels in the 1970s and
1980s that populations of white-tailed eagles (Haliaeetus albicilla), grey
seals (Halichoerus grypus) and ringed seals (Pusa hispida) declined due to
direct toxic effects, reproductive impairment and related endocrine
disruption and pathology (Bredhult et al., 2008; Helander et al., 2002;
Helle et al., 1976a,b; Nyman et al., 2003). The harbor porpoise (Pho-
coena phocoena) has almost disappeared from the Baltic Sea, with the
exception of two populations in the very southern Baltic, likely due to
high PCB exposure comparable to that of grey seals during the 1970s
(Berggren et al., 1999; Roos et al., 2012).

National legislation and voluntary decisions by the industry have
phased out these chemicals beginning in the 1970s, followed by global
regulations through the United Nations Stockholm Convention on POPs
(UNEP, 2017a). Concentrations of many legacy POPs, including PCBs,
DDTs and polybrominated diphenyl ethers (PBDEs) have been declining
since (Bignert and Helander, 2015; Bjurlid et al., 2018; Nyberg et al.,
2015), with subsequent recovery of many top predator populations
(Bignert and Helander, 2015; Roos et al., 2012). However, not all po-
pulations of top predators have recovered completely and there are still
various health effects being observed (Bignert and Helander, 2015).
Furthermore, some chemicals, such as perfluorooctane sulfonate
(PFOS), which was phased out by the industry in 2002 and regulated
under the Stockholm Convention in 2009, show more ambiguous
temporal trends (Faxneld et al., 2016; Holmstrom et al., 2005; Huber
et al., 2012; Kratzer et al., 2011; Rüdel et al., 2011; Sun et al., 2019).
Moreover, many new chemicals have come onto the market or might be
used increasingly as replacements of legacy POPs or of chemicals
banned under different European regulations such as Registration,
Evaluation, Authorization and Restriction of Chemicals (REACH) (EU,
2006). These less studied chemicals include new brominated and
chlorinated flame retardants (FRs), organophosphate ester-based com-
pounds (OPEs), new per- and polyfluoroalkyl substances (PFAS) and
chlorinated paraffins (CPs). Many of these are known or suspected to
have toxic and/or endocrine disrupting effects, and may pose new
threats to biota in the Baltic Sea.

As the production and use of PBDEs and certain halogenated FRs
(HFRs) such as hexabromocyclododecane (HBCDD) have ceased, OPEs
and new HFRs are increasingly used (Blum et al., 2019; Iqbal et al.,
2017). HFRs and OPEs are used in soft furnishings, textiles, and soft and
hard plastics used in electrical and electronic equipment to improve fire
protection and some OPEs are also used as plasticizers (Bergman et al.,
2012; van der Veen and de Boer, 2012). They are usually not chemically
bound to the polymer, and can therefore leak out into the surrounding
environment. Several emerging HFRs are suspected to be toxic and have
endocrine disrupting potential (Vorkamp et al., 2019a). Many OPEs
have shown toxic and endocrine disrupting properties in laboratory
animal studies (Greaves and Letcher, 2017). The use of tris(2-chlor-
oethyl)phosphate (TCEP), tris(2-chloroisopropyl)phosphate (TCIPP),
and tris(1,3-dichloro-2-propyl) phosphate (TDCIPP) in children’s toys
has been restricted in the European Union (EU, 2014).

PFAS are used as polymers to stain- and waterproof textiles, as
surfactants to produce non-stick cookware, in aqueous fire-fighting

foams and in various applications to reduce aqueous surface tension
(Muir et al., 2019). Long-chain perfluoroalkyl carboxylic acids (PFCAs),
perfluoroalkane sulfonic acids (PFSAs), and their potential long-chain
precursors have been discussed as global contaminants of high concern
due to their persistence, bioaccumulation, toxicity and long-range
transport (Scheringer et al., 2014). Because of these properties, PFOS,
its salts and perfluorooctane sulfonyl fluoride (POSF) were included in
the Stockholm Convention in 2009, perfluorooctanoic acid (PFOA) was
added in 2019, and perfluorohexane sulfonate (PFHxS) is currently
under consideration (UNEP, 2019). In 2017, the REACH restriction of
PFOA, its salts and precursors came into force and will be implemented
in 2020 (EU, 2017). Replacement compounds include shorter-chain
homologues, such as perfluorobutane sulfonate (PFBS), but also PFAS
with different functionalities, such as per- and polyfluoroalkyl ether
carboxylic and sulfonic acids (Joerss et al., 2019). Several replacement
PFAS also show toxicity (Wang et al., 2019), but the vast majority of
these have not been studied in detail.

CPs are used as FRs, plasticizers, lubricants and metal-working
fluids. They are complex mixtures of thousands of congeners, varying in
degree of chlorination and chlorine bonding positions, and are typically
summarized as short-chain chlorinated paraffins (SCCPs; C10-13),
medium-chain chlorinated paraffins (MCCPs; C14-17) and long-chain
chlorinated paraffins (LCCPs; C≥18). Commercial formulations can be
mixtures of the three groups (Du et al., 2018). SCCPs were listed under
the Stockholm Convention as POPs in 2017, currently with nine specific
exemptions (UNEP, 2017b), whereas evaluation of an EU-wide re-
striction of MCCPs is currently ongoing on grounds of being persistent,
bioaccumulative and toxic (PBT) (ECHA, 2019). SCCP toxicity is best
studied and they are possible carcinogens, endocrine disruptors and are
toxic to aquatic organisms (Ei-Sayed and Legler, 2010). MCCPs are less
well studied but fulfill REACH toxicity criteria (Gluge et al., 2018). Very
little is known about LCCP toxicity. Further detailed information on the
regulatory status of all individual chemicals included in the present
study can be found in Table S1.

Despite the increasing ubiquitous detection of HFRs, OPEs, CPs and
PFAS in environmental media including biota (Butt et al., 2010; Muir
et al., 2019; van der Veen and de Boer, 2012; van Mourik et al., 2016;
Vorkamp et al., 2019a; Wong et al., 2017), few data exist on the pre-
sence of many of these new chemicals in Baltic Sea biota, nor is there
much knowledge of their biomagnification potential in this food web.
Therefore, in the current study, a large suite of emerging organohalogen
compounds was screened for in pooled samples from Baltic Sea biota at
different trophic levels to determine their presence, current con-
centrations and biomagnification potential. Current concentrations and
biomagnification potential were benchmarked with those of legacy
POPs previously analysed in the same samples.

2. Materials and methods

2.1. Sample collection

Species collected for chemical analysis consisted of molluscs, fish,
seabirds, birds of prey, and marine mammals. Specifically, the fol-
lowing species were deemed representative of important ecological
niches or trophic levels in the Baltic Sea benthic food web: blue mussel
(Mytilus edulis, hereafter mussel), viviparous eelpout (Zoarces viviparus,
hereafter eelpout), and common eider (Somateria mollissima, hereafter
eider), and the pelagic food web: Atlantic herring (Clupea harengus,
hereafter herring), common guillemot (Uria aalge, hereafter guillemot),
white-tailed eagle (hereafter sea eagle), grey seal, harbor seal (Phoca
vitulina), and harbor porpoise (hereafter porpoise). Samples used for
analysis were collected in 2015 or 2016, except for harbor seal
(2012–2016), grey seal (2006–2010), porpoise (2006–2012) and one
pooled herring sample (2014). The larger spread in collection time for
marine mammal samples was due to the lack of more recently collected
samples and the difficulty in creating site-specific, representative
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pooled samples from archived material. However, we used years as
close as possible to the other samples to reduce possible temporal bias.
The samples were collected from background monitoring sites primarily
in the Baltic Proper, including Swedish, Danish, and German coastal
areas (Fig. 1; Table S2, supplementary data).

Tissue samples from herring, guillemot, sea eagle, grey seal, harbor
seal and porpoise were obtained from the Environmental Specimen
Bank (ESB) at the Swedish Museum of Natural History (SMNH). Herring
fillet and liver, guillemot eggs, and addled sea eagle eggs are collected
annually within the Swedish National Environmental Monitoring
Programme (Danielsson et al., 2019; Helander et al., 2008). Tissue
samples of porpoise (liver, blubber, muscle) were taken from in-
dividuals drowned in fishermen’s nets or found dead or stranded on-
shore and sent to SMNH as State Game. Liver, blubber and muscle
samples from seals were taken from individuals that were drowned in
fishing gear or shot in a domestic hunt. The samples were stored in the
ESB at −25 °C before subsampling for the purpose of contaminant
analysis. Archived, left-over lipid extracts from previous analyses of
individual tissues from the ESB were used to prepare pooled samples of
porpoise and grey seal blubber, as well as sea eagle and guillemot eggs.
Extraction and lipid determination of the archived lipid samples were
done according to Jensen et al. (2003). All other pooled tissue samples
were prepared from frozen material stored at the SMNH ESB.

Addled eider eggs and liver from dead individuals were collected at
Christiansø, Denmark (Fig. 1), prepared and stored at −20 °C at Aarhus
University. Pooled samples of mussel soft tissue and eelpout fillets from
2015 were obtained from the German ESB. Mussels and eelpout are
collected annually from Darsser Ort within the German ESB Programme
(Klein et al., 2018; Paulus et al., 2018). The sampling process was
highly standardized based on the standard operation procedures of the
German ESB as well as accreditation of the biota sampling according to
DIN EN ISO/IEC 17025. Eelpout are collected prior to the mating
season in May/June (Klein et al., 2018) and muscle tissue prepared
according to Rüdel et al. (2008). Blue mussels are collected twice per
year in the Baltic Sea (June and November) and soft tissues were pre-
pared according to Paulus et al. (2018). All samples were stored frozen
at below −130 °C in the ESB archive.

Information on the collection year, age and sex of individuals
comprising the pooled samples is given in Table S2, along with in-
formation about the main feeding habits of the different species. Most
pooled samples contained tissue from adults of both sexes. Sample sets
of different paired tissues (liver/muscle or liver/muscle/blubber) came
from the same individuals in each pool or from the same colony (eider
liver/egg (Garbus et al., 2018)). One set of pooled samples (blubber and
liver) for grey seals, harbor seals and porpoise consisted of tissue from
juveniles.

Fig. 1. Sampling sites of Baltic fish and
wildlife: (1) grey seal, sampled in the Åland
Sea; (2) sea eagle, sampled in Stockholm/
Uppsala Counties, Åland Sea; (3) grey seal,
sampled in the Northern Baltic Proper; (4)
guillemot, grey seal and harbor seal, sam-
pled in the Western Gotland Basin; (5) her-
ring, sampled at Byxelkrok, Western
Gotland Basin; (6) harbor seal and porpoise,
sampled in the Eastern Gotland Basin; (7)
sea eagle, sampled in the Kalmar/Blekinge
Counties, Western Gotland Basin; (8) eider,
sampled at Christiansø, Bornholm Basin; (9)
mussel and eelpout, sampled at Darsser Ort,
Arkona Basin.
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2.2. Chemical analysis

2.2.1. Organophosphate esters
OPEs were not analysed in mussels or eelpout. All other samples

were analysed at Stockholm University for tri-isobutylphosphate
(TiBP), tri-n-butyl phosphate (TNBP), TCEP, TCIPP, TDCIPP, tris(2-
butoxyethyl) phosphate (TBOEP), triphenyl phosphate (TPHP), 2-
ethylhexyldiphenyl phosphate (EHDPP), and tris(2-ethylhexyl)phos-
phate (TEHP). Details on OPE analysis are given in the supplementary
data and in Tables S3-S5.

2.2.2. Chlorinated paraffins
All samples except mussel and eelpout had been analysed for SCCPs,

MCCPs, and LCCPs at Stockholm University prior to this study as pre-
viously described and reported in detail in Yuan et al. (2019). Mussel
and eelpout were analysed in the current study using the same method
with modifications in the instrumental analysis (Yuan et al., 2020).
Details on sample preparation, cleanup, quantitation and quality as-
surance and quality control (QA/QC) are given in the supplementary
data and in Tables S6-S7. Relative instrumental responses (Yuan et al.,
2016) of CP congener groups from C10Cl3 to C30Cl12 comprise a CnClm
fingerprint of a sample. The mass-to-charge (m/z) ratios corresponding
to the congener groups have been published previously (Yuan et al.,
2017). CnClm fingerprint patterns for all species are shown in Figure S1.

2.2.3. Halogenated flame retardants
Mussel and eelpout from the German ESB were investigated and

analysed by Eurofins GfA and Eurofins GfA Lab Service, respectively,
under contract for the German Environment Agency
(Umweltbundesamt UBA), for 2,4,6-tribromophenyl 2,3-dibromopropyl
ether (TBP-DBPE), 2-ethylhexyl-2,3,4,5-tetrabromobenzoate (EH-TBB),
1,2-bis(2,4,6-tribromophenoxy)ethane (BTBPE), decabromodiphenyl
ethane (DBDPE), anti- and syn-dechlorane plus (DDC-CO) and PBDEs
according to Neugebauer et al. (2018). All other samples were analysed
at Aarhus University for TBP-DBPE, EH-TBB, BTBPE, syn- and anti-DDC-
CO and DBDPE following the method by Vorkamp et al. (2015). Both
laboratories are accredited according to DIN EN ISO/IEC 17025, and
the analytical method for HFRs is fully validated though not part of the
accreditation. External quality control has not yet been widely estab-
lished for HFRs, but AU recently passed two subsequent rounds of an
external quality assurance scheme for DDC-CO in serum organized by
the EU Horizon 2020 project HBM4EU. Details of the HFR analysis are
given in the supplementary data and Tables S8 and S9.

2.2.4. Per- and polyfluoroalkyl substances
Mussels from the German ESB were not analysed for PFAS as ana-

lyses in earlier years had shown no detectable levels. Eelpout from the
German ESB were analysed for PFBS, PFHxS, PFOS, perfluorodecane
sulfonate (PFDS), perfluorooctane sulfonamide (PFOSA), per-
fluorohexanoic acid (PFHxA), perfluoroheptanoic acid (PFHpA), PFOA,
perfluorononanoic acid (PFNA), perfluorodecanoic acid (PFDA) and
perfluordodecanoic acid (PFDoA) by Eurofins GfA Lab Service GmbH,
Hamburg, according to Fliedner et al. (2016). The laboratory is accre-
dited according to DIN EN ICO/IEC 17025:2005 for the applied method
and all respective QA/QC requirements were met. The laboratory also
participates regularly and successfully in external proficiency tests and
inter-laboratory tests for PFAS in biota, e.g., QUASIMEME. Details of
the analysis are given in the supplementary data.

All other samples were analysed for PFAS at Aarhus University.
These analyses included the same compounds as mentioned above and
the following additional compounds: perfluoroheptane sulfonate
(PFHpS), perfluoroundecanoic acid (PFUnDA), perfluorotridecanoic
acid (PFTrDA), perfluorotetradecanoic acid (PFTeDA), perfluoro-4-
ethylcyclohexanesulfonate (PFECHS) and the PFOS replacements 6:2
chlorinated polyfluorinated ether sulfonate (6:2 Cl-PFAES or 9-Cl-PF)
and 8:2 chlorinated polyfluorinated ether sulfonate (8:2 Cl-PFAES or

11-Cl-PF). Further details on the instrumental set-up and quality as-
surance procedures are described in detail in the supplementary data
and Tables S10-S11.

2.3. Estimation of biomagnification potential

Biomagnification is indicated when the concentration of a com-
pound is higher in a predator than in its prey. We acknowledge that the
top predators and their potential prey items in the present study were
not collected at exactly the same sites or times, and no biogeochemical
trophic position proxies were available to determine trophic level,
which makes determining accurate biomagnification factors (BMFs)
uncertain. It is, however, possible to estimate the biomagnification
potential for the predator and prey species from the same general areas
of the Baltic Sea. This was done by calculating predator-prey ratios
using the mean lipid normalized concentrations of specific OPEs, HFRs
and CPs, and the wet weight concentrations of specific PFAS for several
representative predator-prey pairs (different seal species/herring, por-
poise/herring, guillemot/herring, sea eagle/guillemot or eider).
Predator-prey ratios were calculated only when a specific analyte was
found in measurable concentrations in both the predator and prey
species, and a ratio above 1 is indicative of possible biomagnification.
Predator-prey ratios were also calculated for p,p′-DDE, CB-153, BDE-47
and HBCDD (sum of three isomers), all POPs that are known to bio-
magnify in the Baltic Sea food web, using previously reported POP data
for the same samples. These latter ratios were used as benchmarks and
compared to the former ratios for the emerging contaminants.

2.4. Data for legacy contaminants

Data for legacy organochlorine and organobromine compounds in
the pooled sample of eelpout were obtained from the German ESB da-
tabase (UBA, 2019). Only organobromine data were available from the
German ESB database for mussels collected in 2015, but organochlorine
data were available for mussels collected from the same site (Darsser
Ort) in 2006 (last year that organochlorines were included in the ana-
lysis of this species). Results for organochlorine and organobromine
compounds were available from the Swedish ESB database from pre-
vious analyses of the same individuals that made up the pooled samples
of guillemot, sea eagle, grey seal, harbor seal, and porpoise. Data for
legacy contaminants in herring from Byxelkrok (Location 5 in Fig. 1)
are from pooled samples created from other individuals collected at the
same time (2014, 2016) as the herring pooled for the other analyses.
This was due to no archived lipids being available from previous ana-
lyses and no frozen tissues left in the Swedish ESB to sample for the
exact same individuals. Means for each pooled sample for the different
compounds were calculated using the data for the individuals com-
prising each pool.

2.5. Data analysis

The sums of OPEs, HFRs, CPs and PFAS were calculated replacing all
concentrations below the limit of detection (LOD) or limit of quanti-
tation (LOQ) with the LOD/LOQ divided by the square root of 2; where
OPEs were reported as a range between the LOD and LOQ, the sum of
OPEs was calculated replacing concentrations above the LOD but below
the LOQ with the LOQ divided by the square root of 2 (Baccarelli et al.,
2005).

3. Results and discussion

An overview of results for OPEs and CPs is given in Table 1, for
HFRs in Table 2, and for PFAS in Table 3. Detailed results for each
pooled sample are given for OPEs and CPs in Table S12, for HFRs in
Table S13, for PFAS in Table S14 and for legacy compounds in Table
S15. The data for each individual pooled sample are also illustrated in

C.A. de Wit, et al. Environment International 144 (2020) 106037

4



Figures S2-S5. In the following, we compared our results with those of
other Baltic Sea studies with data for the same or similar species, if
these existed. Where there were few Baltic studies, we included com-
parisons for the same species in the North Sea and northern European
coastal areas (Europe, UK, Norway), if available. Published studies were
used as much as possible where samples were collected in the same time
frame as the current study to avoid temporal bias in comparisons of the
levels. Generally, no systematic differences were seen in analyte levels
between pooled samples from marine mammal juveniles and adults in
the current study.

3.1. Organophosphate esters

Only TCEP, TCIPP and EHDPP were consistently found in at least
one tissue type of all species analysed for OPEs. When detected, con-
centrations for these three individual OPEs were similar across species
in the individual pooled samples, ranging from less than 10 ng g−1 lw
up to 120 ng g−1 lw (TCIPP in one sea eagle sample; Tables 1 and S12,
Figure S2). TPHP was only quantifiable in porpoise blubber and TBOEP
in one grey seal muscle sample, but these data should be treated with
some caution as there was evidence of possible co-eluting substances.
TCEP and TCIPP were found in herring muscle and liver, blubber of all
three marine mammals and all bird eggs (Tables 1 and S12, Figure S2).

EHDPP was found in herring muscle and liver, blubber and liver of the
seals, in all bird eggs and in eider liver. OPE levels were mostly below
the LOQ in muscle of marine mammals. The differences in concentra-
tions between species and tissues are likely due to different species’
ability to metabolize specific OPEs and differences in accumulation
between tissues. The results also indicate sequestration in blubber and
liver may be favored over muscle, and that TCEP, TCIPP and EHDPP
undergo maternal transfer into eggs.

The only published results for OPEs in the Baltic Sea that are
available for comparison are for herring muscle collected in 2007 from
the same area in the current study. Sundkvist et al. (2010) found similar
concentrations of TCIPP (median 60 ng g−1 lw) and EHDPP (4.0 ng g−1

lw) but five times lower TCEP concentrations (2.7 ng g−1 lw) than in
the current study. The generally similar concentrations from the two
time points seem to indicate similar TCIPP and EHDPP contamination
levels in herring in 2007 and more recently (2014–2016), but possibly a
temporal increase in TCEP contamination. The current study provides
the first results showing the presence of a range of OPEs in Baltic Sea
marine mammals and birds.

Results for several species from the current study were also com-
pared to available European studies. Whole herring from the Western
Scheldt estuary in the Netherlands had five times higher TCEP
(76 ng g−1 lw) and 10 times higher TCIPP (390 ng g−1 lw)

Table 1
Mean concentrations (ng g−1 lw) of the detected OPEs and CPs in the two pooled samples from each different species and tissue (n denotes the number of individuals
represented in each of the duplicate tissue pools). Blue mussel and viviparous eelpout were each represented by a single pooled sample. TiBP, TNBP, TDCIPP and
TEHP were not detected in any sample and are not shown (see Table S12 for all results). Not all tissue types or analytes were included in the analyses and these are
denoted as not analysed (na). See Table S2 for age and sex of individuals in each pool.

Species Tissue Lipid % n TCEP TCIPP TPHP TBOEP EHDPP ΣOPEs SCCP MCCP LCCP ΣCPs

Blue mussel soft body 1.40 100 na na na na na na 72 210 120 400
Viviparous eelpout muscle 1.52 47 na na na na na na 52 130 130 310
Atlantic herring muscle 5.7 38/40 14 39 <5.1 81–240 6.0 280 76 130 26 230

liver 6.2 38/40 17 39 <4.0 nr 22 130 44 160 29 230
Grey seal muscle 1.0 4/5 <44 <200 <4.4 94* <27 490 na na na na

blubber 85.5 4/5 17 47 <6.5 <120 52 260 41 57 13 110
liver 3.8 4/5 12 49 <3.6 <51 12 150 150 220 79 440

Harbor seal muscle 1.4 4/5 <32 <150 <4.5 <45 20 320 na na na na
blubber 88.1 4/5 3.4 12 <6.0 <25 5.5 57 30 82 14 130
liver 3.3 4/5 14–24 69–120 1.9–5.8 <38 12 210 170 390 86 640

Harbor porpoise muscle 2.2 2/4 <22 <110 <23 <190 24 280 na na na na
blubber 83.4 2/4 14 33 240* <300 1.8–7.7 550 210 48 36 290
liver 5.1 2/4 8 32 2.5–7.4 <70 3.0–29 230 220 290 96 600

Common eider egg 22.4 5/5 12 28 <4.5 <24 3.1 110 100 170 35 300
liver 2.5 5/5 28 <95 4.0–16 <44 16 250 180 370 77 620

Common guillemot egg 12.2 4/5 19 43 <5.4 <49 6.3 180 68 62 27 160
White-tailed eagle egg 5.2 4/5 47 92 5.6–17 <46 8.7 340 180 200 55 430

<LOD.
Range: LOD-LOQ.
*Values may be overestimated due to possible co-eluting substances.

Table 2
Mean concentrations (ng g−1 lw) of new HFRs in the two pooled samples for each different species and tissue (n denotes the number of individuals represented in
each of the duplicate tissue pools). Blue mussel and viviparous eelpout were each represented by a single pooled sample. See Table S13 for results for each pooled
sample. See Table S2 for age and sex of individuals in each pool.

Species Tissue Lipid % n TBP-DBPE EH-TBB BTBPE syn-DDC-CO anti-DDC-CO DBDPE ΣHFRs

Blue mussel soft body 1.40 100 <2.5 < 1.0 < 0.75 < 0.18 < 0.21 < 6.8 8.2
Viviparous eelpout muscle 1.52 47 6.8 <0.77 < 0.57 < 0.14 < 0.16 < 5.2 12
Atlantic herring muscle 5.1 38/40 0.053 0.67 0.036 0.035 0.070 0.90 1.8
Grey seal blubber 85.5 4/5 0.073 * 5.5 6.0 26 0.17 38
Harbor seal blubber 94.6 4/5 0.11 * 0.080 0.046 0.092 0.70 1.0
Harbor porpoise blubber 83.4 2/4 0.071 * <0.036 0.040 0.074 0.20 0.42
Common eider egg 22.9 5/5 <0.016 0.50 0.11 0.10 0.21 0.59 1.6

liver 1.9 5/5 <0.23 < 0.12 3.1 16 52 8.8 80
Common guillemot egg 12.2 4/5 0.053 0.34 0.42 0.13 0.40 0.35 1.7
White-tailed eagle egg 5.2 4/5 0.57 2.9 3.8 3.7 7.8 1.2 20

* EH-TBB could not be quantified in the lipid-rich samples because of an interfering peak in the chromatogram.
<LOD.
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concentrations than Baltic Sea herring (Tables 1 and S12) (Brandsma
et al., 2015). Blubber from stranded or by-caught porpoises from var-
ious sites on the UK coast collected in 2012 contained TPHP
(1.5–6.7 ng g−1 ww), TBOEP (93–180 ng g−1 ww), EHDPP
(1.0–16 ng g−1 ww) and TEHP (1.8 ng g−1 ww) (Papachlimitzou et al.,
2015). Of these OPEs, only TPHP was found in Baltic Sea porpoise, but
at 50 times higher concentrations (190–210 ng g−1 ww), although
these results may be overestimated due to possible co-eluting com-
pounds (Table S12). Baltic sea eagle eggs had 50 times higher TCIPP
concentrations (3.7–5.4 ng g−1 ww) than nestling plasma from Norway
(0.22 ng g−1 ww) (Eulaers et al., 2014). TDCIPP was below the LOD in
the Baltic sea eagle eggs but was detected in the Norway nestlings
(0.22 ng g−1 ww). Eider egg samples from the Baltic Sea had 3–13
times lower wet weight concentrations of TCEP, TCIPP and EHDPP (2.7,
6.2 and 0.69 ng g−1 ww, respectively) compared to Norwegian eider
samples from two islands along the northern coast (Huber et al., 2015).
These comparisons show no generalizable trends other than that in-
dividual OPE concentrations vary between the Baltic Sea and other
European sites. These differences may be due to comparisons with
different tissues used in some studies and/or geographical variations in
emissions due to different use patterns. The only clearly higher con-
centrations in Baltic biota compared to northern Europe marine biota
were seen for sea eagle eggs.

The low and relatively similar concentrations seen in the current
study may be due to rapid metabolism of these compounds to more
water soluble metabolites enhancing faster elimination, which has been
seen in studies of laboratory rodents (in vivo, in vitro cell cultures), and
in in vitro cell cultures from chickens, polar bears (Ursus maritimus),
ringed seals and humans (Greaves and Letcher, 2017; Hou et al., 2016;
Strobel et al., 2018). Greaves and Letcher (2017) documented that OPEs
have a much lower potential for bioaccumulation compared to PBDEs
and recent studies in birds and mammals have shown that OPEs are
rapidly metabolized in vitro. This leads to quite low concentrations in
free-ranging species, despite increased production in recent years. For
example, OPE concentrations in herring gull (Larus argentatus) eggs
were 2–3 orders of magnitude lower than ΣPBDEs concentrations
(Greaves and Letcher, 2017). This was also seen in sea eagles by Eulaers
et al. (2014). It is still uncertain to what extent OPEs are associated with
lipids and it has been suggested that their accumulation is not primarily
associated with lipid dynamics (Brandsma et al., 2015; Hou et al.,
2016). However, Bekele et al. (2019) did find a linear relationship
between OPE concentrations and lipid content in fish and invertebrates
from Laizhou Bay, China. Moreover, differences in feeding behavior, in
metabolic efficiency between individuals or species (Greaves and
Letcher, 2017) or in the exposure levels, as well as abiotic factors such
as physicochemical properties may also greatly influence the accumu-
lative potential of OPEs and other contaminants analysed in the current
study. Nonetheless, our results indicate that Baltic Sea biota are ex-
posed to OPEs and that exposure and biomagnification may be under-
estimated as metabolites could not be included for analysis. However,
rather than being a typical POP, or PBT, most OPEs appear to be per-
sistent and mobile, which might be an equivalent level of concern as
OPEs are used as replacements for banned flame retardants, such as
PBDEs, and show increasing use and emissions (Blum et al., 2019). This
in turn will lead to increased concentrations in the Baltic Sea and
subsequent increased exposure of biota.

3.2. Chlorinated paraffins

SCCPs, MCCPs and LCCPs were found in mussels and eelpout in the
current study. Results for SCCPs, MCCPs and LCCPs have previously
been reported for the herring, eider, guillemot, sea eagle, porpoise, grey
and harbor seal samples (Yuan et al., 2019) (Tables 1 and S12, Figure
S3). In general, the distribution pattern of CPs was similar across all
species, with the ΣCPs being composed of SCCPs (31–38%), MCCPs
(48–54%) and LCCPs (13–15%; Figure S3). Mean ΣCPs concentrationsTa
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were highest in liver of harbor seals, porpoises, eiders, grey seals, and in
sea eagle eggs as previously reported (Yuan et al., 2019). Eelpout and
mussel contained lower concentrations of SCCPs and MCCPs, similar to
those in herring muscle and liver, in seal and porpoise blubber, and in
guillemot and eider eggs (Tables 1 and S12). Often, CPs were found in
higher concentrations in liver than in other tissues, possibly due to liver
being the site of metabolism (Darnerud et al., 1982; Geng et al., 2019).

No recent literature was found reporting on CPs in mussel and
eelpout from the Baltic Sea. However, Atlantic cod (Gadus morhua) liver
collected in 2002 from the northern German coast of the Baltic Sea
(Reth et al., 2005) contained similar or somewhat higher SCCP
(39–210 ng g−1 lw) and MCCP (51–220 ng g−1 lw) concentrations than
Baltic Sea herring liver (Tables 1 and S12). This could be due to tem-
poral effects since the cod were collected 12–14 years earlier or due to
the fact that cod are top predator fish that feed on herring, and thus
may have biomagnified these CPs. SCCPs and MCCPs have also been
reported for mussels from several sites in Norway (Vorkamp et al.,
2019b), where median SCCP concentrations ranged from 0.63 to
6.7 ng g−1 ww, and MCCPs from 11 to 50 ng g−1 ww. The wet weight
SCCP concentration in Baltic Sea mussel (1.0 ng g−1 ww) was similar to
the lower levels found in Norwegian mussels but the MCCP con-
centration in Baltic mussels (1.8 ng g−1 ww) was 6–28 times lower.
This may indicate higher ongoing emissions of MCCPs to the North Sea
than to the Baltic Sea. The fact that MCCPs have been detected in
various wildlife species, particularly in top predators, in the current and
in other studies (Vorkamp et al., 2019; Yuan et al., 2019b) further
supports the European Chemicals Agency’s recent conclusion that this
CP group poses an unacceptable exposure risk to humans and the en-
vironment owing to their PBT properties, and that EU-wide regulatory
actions are necessary (ECHA, 2019). The presence of LCCPs in all
samples also raises concerns as these are currently not regulated and
little is known about their toxicity.

3.3. Halogenated flame retardants

Results for HFRs in mussel and eelpout from Darsser Ort, Germany,
from 2015 have been summarized in a recent publication (Dreyer et al.,
2019). HFRs were not detected in mussel and only TBP-DBPE was de-
tected in eelpout (Table 2). The low detection of HFRs in these two
species is probably due to the higher LODs found for HFRs in that study.
All HFRs were found in herring muscle, harbor seal blubber, and in
guillemot and sea eagle eggs, but not always in both pooled samples
(Tables 2 and S13, Figure S4). TBP-DBPE was detected in all species
except eider egg and liver. The highest concentration was found in
eelpout muscle (6.8 ng g−1 lw), which may be due to higher emissions
from the northern German coast where it was collected, or higher ex-
posure due to its benthic habitat as compared to the pelagic species
collected. EH-TBB could not be quantified in marine mammal blubber
samples because of chromatographic difficulties, while mean con-
centrations were similar in herring muscle, eider and guillemot eggs
and 4–8 times higher in sea eagle eggs (Table 2). BTBPE was found in
all species except porpoise. Both DDC-CO isomers were found in all
species, with lower levels in herring, harbor seal, porpoise, eider and
guillemot eggs (range 0.035–0.13 and 0.070–0.40 ng g−1 lw for syn-
and anti-DDC-CO, respectively). Intermediate levels were found in sea
eagle eggs, while eider liver had 16 and 52 ng g−1 lw of syn- and anti-
DDC-CO and one grey seal blubber sample contained 12 and 52 ng g−1

lw of syn- and anti-DDC-CO, respectively (Tables 2 and S13). Mean
DBDPE concentrations were similar across species (range:
0.17–1.2 ng g−1 lw) though much higher in eider liver (8.8 ng g−1 lw).
Eider was the only species that included analysis of two tissue types,
and HFR concentrations were generally lower in eggs than in liver,
except for EH-TBB, which was only detected in eggs.

Studies are generally lacking for the new HFRs analysed in the
current study in biota from the Baltic Sea. A single study of DDC-CO by
Rjabova et al. (2016) found DDC-CO in Baltic salmon (Salmo salar) with

a mean syn-DDC-CO concentration of 0.086 ng g−1 lw and anti-DDC-CO
of 0.16 ng g−1 lw, similar to the means found for Baltic Sea herring in
the current study (Table 2, Table S13). The current study has thus ex-
panded knowledge of the presence of a range of HFRs at different
trophic levels of the Baltic Sea. Compared to other European marine
areas, DBDPE concentrations in Baltic Sea eider eggs (0.14–0.13 ng g−1

ww) were somewhat lower than for eider eggs from mainland Norway
(0.33 ng g−1 ww) (Harju et al., 2013). Blubber from stranded or by-
caught porpoises from various sites on the UK coast from 2008 con-
tained EH-TBB (< 0.68–3.9 ng g−1 lw), syn-DDC-CO
(<0.13–0.19 ng g−1 lw) and anti-DDC-CO (<0.14–0.41 ng g−1 lw)
but TBP-DBPE was below detection limits (Law et al., 2013). Of these
HFRs in Baltic Sea porpoise blubber, EH-TBB could not be quantified for
technical reasons, syn- and anti-DDC-CO concentrations were 3–10
times lower but TBP-DBPE was detected (Tables 2 and S13). As these
and other new HFRs are being used as replacements for banned FRs
such as the PBDEs, use and emissions will probably increase, leading to
increased exposure of Baltic biota. In relation to its bioaccumulation
potential, for example, DDC-CO is currently under assessment for listing
as a substance of very high concern due to being very persistent and
very bioaccumulative (vPvB) (ECHA, 2018) and has been nominated for
listing on the Stockholm Convention on POPs (Wang et al., 2020).

3.4. Per- and polyfluoroalkyl substances

Most samples contained quantifiable concentrations of C6-C10

PFSAs, C8-C14 PFCAs, PFOSA and PFECHS (Table 3, Table S14, Figure
S5). PFBS, PFHxA, and 6:2-PFAES (9-Cl-PF) were not detected in any
sample, PFHpA was only found in one porpoise liver sample, and 8:2-
PFAES (11-Cl-PF) was only detected in guillemot eggs. Mean ΣPFAS
concentrations in Baltic Sea biota were lowest in eelpout muscle, her-
ring liver, and eider eggs and liver (range 1.1–25 ng g−1 ww), higher
but comparable in marine mammal livers and sea eagle eggs (range
220–250 ng g−1 ww) and highest in guillemot eggs (450 ng g−1 ww),
mainly due to high PFOS concentrations. The major PFAS found in all
species was PFOS (Figure S5a).

Highest PFCA concentrations were seen for PFNA followed by
PFUnDA, PFDA and PFTrDA (Figure S5b). Highest mean PFNA con-
centrations were found in seal livers and sea eagle eggs, whereas,
guillemot and porpoise had lower concentrations (Table 3, Table S14).
Highest mean PFUnDA concentrations were seen in guillemot, porpoise,
harbor and grey seal and sea eagle. Similar results regarding occurrence
in these species were seen for other PFCAs although the concentrations
were lower. PFECHS was not analysed in mussel or eelpout, but was
found in all other species except herring, with similar concentrations in
marine mammals, guillemots and sea eagles (Table 3, Table S14).
PFECHS concentrations in eider eggs were about 10 times lower and it
was not detected in liver samples. 11-Cl-PF was only detected in low
levels in guillemot. To our knowledge, this is the first time PFECHS and
11-Cl-PF have been detected in Baltic biota. PFECHS has previously
been reported in surface water samples from the Baltic Sea (Joerss
et al., 2019). PFECHS is used as an erosion inhibitor in aircraft hy-
draulic fluids (De Silva et al., 2011). It has previously been found in
North American studies of Great Lakes fish and fish-eating birds (De
Silva et al., 2011; Letcher et al., 2015; Su et al., 2017; Wu et al., 2020),
at similar concentrations as found in the Baltic Sea biota, but in higher
concentrations in invertebrates and fish near airports in Canada and
China (de Solla et al., 2012; Lescord et al., 2015; Wang et al., 2016). 9-
Cl-PF and 11-Cl-PF are components of F-53B, a product used as a mist
suppressant in the Chinese electroplating industry, and previously 11-
Cl-PF has only been found in Chinese biota (Wang et al., 2013; Wang
et al., 2019). 9-Cl-PF has been found in Arctic marine mammals
(Gebbink et al., 2016b), possibly due to long range transport from
China, which might also explain the finding of 11-Cl-PF in Baltic guil-
lemot eggs.

The PFSA and PFCA concentrations for herring found in the current
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study were similar to those found in recent studies of Baltic Sea herring
(Faxneld et al., 2016; Gebbink et al., 2016a; Koponen et al., 2015).
Gebbink et al. (2016a) found similar PFCA concentrations in guille-
mots, but somewhat higher PFOS concentrations (430 ng g−1 ww). Also
Faxneld et al. (2016) found somewhat higher concentrations of PFOS
(320 ng g−1 ww), PFUnDA (24 ng g−1 ww) and PFTrDA (46 ng g−1

ww) in sea eagle eggs than found in the current study. Kratzer et al.
(2011) found somewhat higher mean PFOS concentrations (460 ng g−1

ww), PFNA (47 ng g−1 ww), and PFDA (13 ng g−1 ww) in Baltic Sea
grey seal liver from 2006 to 2008 than in the current study. The gen-
erally similar PFAS concentrations found in the same species in pre-
vious studies of the Baltic Proper support the results found in the cur-
rent study. Studies of other marine mammals have mostly been carried
out in German and Danish Baltic Sea waters, which are further south of
the Baltic Sea Proper where most of the samples were collected for the
current study. For harbor seal from Danish Baltic Sea waters, individual
PFSA concentrations were 2–5 times higher, but PFCA concentrations
were 2–3 times lower than in the current study (Dietz et al., 2012).
PFOS concentrations in porpoise from the northern German coast had
much higher PFOS concentrations (800 ng g−1 ww) (Huber et al., 2012)
and all other measured PFAS also had higher concentrations than those
found in the current study. This may indicate that the northern German
coast is more impacted by PFAS emissions, leading to higher exposure
in marine mammals there compared to the Baltic Proper. Harbor seal
from the Wadden Sea had total PFAS concentrations (760 ng g−1 ww)
that were more than twice as high as in harbor seal from the current
study (Dietz et al., 2012).

3.5. Comparisons between contaminant groups

Fig. 2 presents comparisons of the mean concentrations of ΣOPEs,
ΣHFRs, ΣCPs and ΣPFAS in the different species and tissues. Fig. 2a
compares the first three contaminant groups on a lipid weight basis in

blubber, eggs, and muscle tissues. The mean ΣOPEs ranged from 57 to
550 ng g−1 lw, ΣHFRs from 0.42 to 38 ng g−1 lw, and ΣCPs from 110 to
430 ng g−1 lw. The highest mean ΣOPE concentrations were seen in
porpoise blubber followed by sea eagle eggs, while the highest ΣHFR
concentrations were found in grey seal blubber followed by sea eagle
eggs, and the highest ΣCP concentrations were seen in sea eagle eggs
(Fig. 2a). With the exception of mussel and eelpout, which were not
analysed for OPEs, ΣHFRs were lower than ΣOPEs and ΣCPs in all
species. The lower ΣHFR concentrations seen in most species may be a
reflection of differences in production and use volumes and thus
emissions of these to the Baltic Sea. Global CP production is more than
1 million tons/year (Wang et al., 2010), OPE production is around
100 000 tons/year (van der Veen and de Boer, 2012) but many of the
new HFRs are low production volume chemicals (10–1000 tons/year)
(Covaci et al., 2011). Biomagnification potential may also be a factor
that may affect the differences seen (see Section 3.7). Spatial variation
could also play a role, but biota were collected in the current study from
background monitoring sites in the Baltic Proper that are considered
representative of the general pollution situation to minimize this as
much as possible.

Fig. 2b compares the four contaminant groups in muscle (eelpout
only), liver and egg samples for ΣOPEs, ΣHFRs, ΣCPs and ΣPFAS, on a
wet weight basis and per species (see also Table S16). The ΣOPEs in
these tissues ranged from 8.1 to 24 ng g−1 ww, ΣHFRs from 0.11 to
2.0 ng g−1 ww, ΣCPs from 4.7 to 67 ng g−1 ww and ΣPFAS from 1.1 to
450 ng g−1 ww. HFRs were not analysed in liver from herring, grey
seal, harbor seal or porpoise. ΣPFAS predominated in most species,
compared to other contaminant groups, with the highest concentrations
in marine mammals, and in guillemot and sea eagle eggs (Table S16).
The exceptions were eider eggs and eelpout muscle, where ΣCPs pre-
dominated and herring and eider liver, where ΣPFAS and ΣCPs were at
similar concentrations. The three marine mammals had similar con-
taminant patterns in liver for the three contaminant groups analysed

Fig. 2. Concentrations of a) ΣOPEs, ΣHFRs and ΣCPs (ng g−1 lw) in muscle, blubber or eggs and b) ΣOPEs, ΣHFRs, ΣCPs and ΣPFAS (ng g−1 ww) in muscle, liver or
eggs of the different species.
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and these patterns differed somewhat from those of the birds (Fig. 2b).
The different patterns are likely due to different metabolic capacities in
marine mammals compared to seabirds and birds of prey and/or due to
differences in diet (Kim et al., 2016; McKinney et al., 2011; Sonne et al.,
2018).

3.6. Comparisons to legacy POPs

Table S15 presents concentrations of legacy organochlorine com-
pounds, PBDEs and HBCDD in the same pooled samples as were ana-
lysed for OPEs, HFRs, CPs and PFAS. Mean sum concentrations of le-
gacy POPs (ΣPCBs, ΣDDTs, ΣPBDEs, HBCDD) and three of the four
emerging contaminant groups included in the current study are com-
pared on a lipid weight basis in Fig. 3. Mean concentrations of ΣPCBs
were in the range of 120–120,000 ng g−1 lw, ΣDDTs were
37–49,000 ng g−1 lw, ΣPBDEs 1.8–1300 ng g−1 lw, and HBCDD
8.2–220 ng g−1 lw. In general, ΣPCBs and ΣDDTs were still the pre-
dominant contaminants in grey seal, harbor seal, porpoise, guillemot
and sea eagle. ΣCPs were similar to or higher than ΣPCBs and ΣDDTs in
mussel, eelpout and herring and also exceeded ΣPBDEs and HBCDD.
ΣHFRs exceeded ΣPBDEs in mussel and eelpout and exceeded HBCDD
concentrations in eelpout. ΣOPE concentrations exceeded ΣPBDE and
HBCDD levels in herring muscle, grey seal and porpoise blubber and
guillemot eggs. ΣOPE concentrations were somewhat higher than
HBCDD levels in sea eagle but lower than ΣPBDEs. ΣCP concentrations
exceeded ΣPBDEs and HBCDD in grey seal and guillemot, and HBCDD
in sea eagle. Results for sum concentrations on a wet weight basis are
presented in Table S16. ΣPFAS was the third most predominant con-
taminant group in eelpout, grey seal, harbor seal, guillemot and sea
eagle.

Thus, for mussel, eelpout, herring, grey seal, porpoise and guil-
lemot, lipid weight concentrations of some new flame retardants
(ΣOPEs, ΣCPs) and for mussel and eelpout, ΣHFRs, were similar to or
exceeded those of ΣPBDEs and HBCDDs (Fig. 3). For those species
where ΣPCBs and ΣDDTs still predominate, the emerging contaminants
still contribute to total contaminant burden at levels that may be sig-
nificant. Due to lack of toxicity data, it is difficult to assess the risks
these pose to Baltic Sea biota and as there are a large number of these
new chemicals being found, the mixture effects of many chemicals, both
new and legacy, may also be a problem. As the concentrations of legacy
POPs continue to decline in the Baltic Sea due to bans and regulation
(Bignert and Helander, 2015; Bjurlid et al., 2018; Nyberg et al., 2015),
concentrations of new chemicals will probably increase as these are
often replacements for legacy POPs. For example, PFCA precursors are
increasingly used, leading to increased time trends of several PFCAs in

Baltic Sea herring and sea eagle (Faxneld et al., 2016; Sun et al., 2019),
porpoise (Huber et al., 2012), and grey seals (Kratzer et al., 2011).

One possible explanation for still finding high concentrations of
legacy POPs in biota may be because these are still present in high
concentrations in sediments of the Baltic Sea (Sobek et al., 2015). A
number of studies have shown that sediment-bound POPs can be re-
suspended by bottom currents, seasonal floods or bioturbation, and
diffuse out of the sediment into the overlying water layer, leading to
increased exposure of fish (Jonsson, 2000; Josefsson et al., 2010;
Mustajarvi et al., 2019; Olsson et al., 2000; Sobek et al., 2014). In ad-
dition, the continued reuse and long lifetime of products containing
PBDEs may contribute to the generally high levels found in certain
marine environments.

3.7. Biomagnification potential

Predator-prey ratios for individual OPEs, CPs, HFRs, PFAS and le-
gacy POPs are shown in Fig. 4 and given in Table S17. The OPEs show
low or no biomagnification potential in most species of the pelagic food
web of the current study, as concentrations across species do not vary
much except for sea eagle (Tables 1 and S12, Figure S2). For example,
predator-prey ratios of lipid weight concentrations of TCEP and TCIPP
for most species range from 0.28 to 1.3, but with higher ratios found for
sea eagle/guillemot and sea eagle/eider pairs (2.1–3.9) (Fig. 4a, Table
S17). This may indicate some OPE biomagnification potential for birds
of prey and should be studied further. For comparison, the estimated
ratios of lipid weight concentrations between the predator-prey pairs
ranged from 4.7–66 for p,p′-DDE, 31–190 for CB-153, 5.0–29 for BDE-
47 and 2.4–13 for HBCDD (Fig. 4d, Table S17). These ratios are clearly
above 1 for known biomagnifying POPs, and this supports the use of
comparisons of the predator-prey ratios for the emerging contaminants
in the current study. The OPE ratios were lower than for BDE-47 and
HBCDD and much lower than for p,p′-DDE and CB-153. In a food web
study from Svalbard (Hallanger et al., 2015), OPE concentrations were
also low in species at all trophic levels, including pelagic fish, seabirds,
Arctic fox (Vulpes lagopus) and marine mammals, also indicating no or
limited biomagnification. Brandsma et al. (2015) found OPEs to un-
dergo trophic dilution in a pelagic food chain spanning phytoplankton,
zooplankton, herring, pouting (Trisopterus luscus), and common tern
(Sterna hirundo) from an estuary in the Netherlands, but did see bio-
magnification in the benthic food chain comprising cockles, crab, lug-
worm, common sole (Solea solea), European plaice (Pleuronectes pla-
tessa), goby, and sculpin. In a study from Laizhou Bay, China, trophic
magnification was seen for ΣOPEs in a food web consisting of nine
invertebrate species, five benthic fish species and five pelagic fish

Fig. 3. Comparisons of mean ΣOPEs, ΣHFRs, ΣCPs, ΣPCBs, ΣDDTs, ΣPBDEs and HBCDD in the pooled samples from Baltic biota (na: not analysed). Note that the y-
axis is on a log scale.
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species (Bekele et al., 2019). Bekele et al. (2019) did not include se-
parate calculations of trophic magnification for the benthic and pelagic
fish species so it is difficult to compare their results to those of
Brandsma et al. (2015), but they did find statistically significantly
higher OPE concentrations in the benthic fish compared to pelagic
species. Our results support the studies showing that OPEs seem to
show low or no biomagnification potential in pelagic food webs.
However, OPEs seem to possibly show higher biomagnification poten-
tial in benthic food webs. Brandsma et al. (2015) concluded that these
results indicated that the bioavailability of OPEs is predominantly
through sediments rather than water.

For CPs, ratios of mean lipid weight concentrations of SCCPs,
MCCPs and LCCPs between possible predator-prey pairs range from
1.5–5.0 for SCCPs, 0.40–3.1 for MCCPs and 0.90–3.3 for LCCPs (Fig. 4a,

Table S17). All ratios were above 1 for SCCPs and were highest in the
marine mammal/fish pairs. The highest ratios for MCCPs were seen for
harbor seal/herring (2.4) and sea eagle/guillemot pairs (3.1). Fewer
ratios were above 1 for LCCPs, but the highest ratios were seen for
marine mammal/fish (2.7–3.3) and sea eagle/guillemot pairs (2.0). The
CP ratios are lower than the estimated ratios of lipid weight con-
centrations for p,p′-DDE, CB-153, but more similar to those of BDE-47
and HBCDD (Fig. 4d, Table S17), thus indicating biomagnification po-
tential for all three CP groups. In a Svalbard food web study, both SCCP
and MCCP concentrations were found to increase with trophic level,
although the relationship for MCCPs was somewhat weaker (Harju
et al., 2013).

The higher concentrations of some HFRs found in eider eggs and
liver compared to mussels (no HFRs detected), and guillemot eggs and

Fig. 4. Mean ratios of predator-prey pair concentrations of specific a) OPEs and CPs; b) HFRs, c) PFAS and d) legacy POPs (p,p′-DDE, CB-153, BDE-47 and HBCDD).
The red horizontal line represents a ratio of 1, where a value above this indicates biomagnification potential. (For interpretation of the references to colour in this
figure legend, the reader is referred to the web version of this article.)
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marine mammals compared to herring muscle as well as higher HFR
concentrations found in sea eagle indicate biomagnification potential.
For example, estimated ratios of lipid weight concentrations between
possible predator-prey pairs ranged from 0.010 to 11 for TBP-DBPE,
0.5–5.7 for EH-TBB, 3.1–20 for BTBPE, 2.2–37 for syn-DDC-CO, 1.1–36
for anti-DDC-CO, and 0.30–4.1 for DBDPE (Fig. 4b, Table S17). Highest
ratios were seen for sea eagle/guillemot and sea eagle/eider pairs,
especially for BTBPE and both DDC-CO isomers. These are somewhat
lower than the estimated ratios of lipid weight concentrations for p,p′-
DDE, CB-153, but similar to those of BDE-47 and HBCDD (Fig. 4d, Table
S17). Biomagnification potential seems to be lower in marine mammals
but the relatively higher BTBPE, syn- and anti-DDC-CO concentrations
in one grey seal blubber sample indicates that this does occur.

The higher concentrations of most PFAS in the top predators, i.e.
seals, porpoise, guillemot and sea eagle, indicate that most of these
have biomagnification potential. For example, estimated ratios of de-
tected wet weight concentrations of PFHpS, PFOS, PFOSA, PFOA,
PFNA, PFDA, PFUnDA and PFDoDA between possible predator-prey
pairs ranged from 0.15 to 47 (Fig. 4c, Table S17). The high end values
fall into similar ranges as the estimated ratios of lipid weight con-
centrations for p,p′-DDE, CB-153, and are similar or somewhat higher
than those of BDE-47 and HBCDD (Fig. 4d, Table S17). The highest
ratios were for PFOS and ranged from 19 to 26 for marine mammal
liver/herring liver and 47 for guillemot egg/herring liver. For Baltic Sea
guillemot, this may be an overestimate as Holmstrom and Berger
(2008) found three times higher PFOS concentrations in eggs compared
to liver in adults. However, in that same study, the egg/liver ratios were
close to 1.0 for PFUnDA and PFDoDA, but lower for PFNA (0.4), PFDA
(0.6), which would lead to underestimates of the latter two PFCA’s
biomagnification potential in the current study. Biomagnification may
also occur for PFECHS but this requires further study as it was detected
in the top predators only. A few other studies have also found PFECHS
in top predator fish (De Silva et al., 2011; Houde et al., 2013) and birds
(Letcher et al., 2015; Su et al., 2017; Wu et al., 2020) in the North
American Great Lakes, but the biomagnification potential was not de-
termined. However, several studies have found that PFECHS seems to
bioaccumulate from water to amphipods or fish based on wet weight
whole body concentrations and water concentrations (De Silva et al.,
2011; de Solla et al., 2012; Wang et al., 2016).

4. Conclusions

Several OPEs were detected in all species analysed in the current
study, with generally similar concentrations found, but measurement of
total exposure is probably masked by their rapid metabolism. SCCPs,
MCCPs and LCCPs were found in all Baltic species studied with MCCP
being the predominant CP group. All HFRs were found in Baltic biota,
except in mussel and eelpout (only TBP-DBPE), which may be due to
differences in detection limits. PFAS levels were predominated by
PFOS, but a range of PFCAs were quantified in most species and an
overlooked PFAS, PFECHS, was found in Baltic biota, including top
predators, for the first time. The predator-prey ratio ranges for in-
dividual OPEs (0.28–3.9) and CPs (0.40–5.0) are similar or somewhat
lower than those seen for BDE-47 (5.0–29) and HBCDD (2.4–13), and
the ratio ranges for individual HFRs (0.010–37) and PFAS (0.15–47)
have ranges of the same order of magnitude as seen for p,p′-DDE
(4.7–66) and CB-153 (31–190), supporting the conclusion that many of
the emerging contaminants have biomagnification potential.
Concentrations of new contaminants are generally lower for legacy
contaminants in top predators, but lack of toxicity data makes it diffi-
cult to assess the risks, including mixture effects, that these may pose to
Baltic Sea biota.

Due to the potential for biomagnification and their persistence, new
HFRs such as DDC-CO, PFAS and short- to long-chain CPs should be
monitored in the environment and studies of their potential for effects
on top predators should be carried out. Food web studies are needed

that are more site-specific and include biogeochemical food web
proxies in order to determine biomagnification potential more accu-
rately. Retrospective temporal trend studies are also needed for CPs and
some of the HFRs, such as DDC-CO in Baltic biota in order to assess
future risks that these chemicals may pose for Baltic Sea biota, parti-
cularly for top predators, as well as the impact of past and current
voluntary actions by the industry. Finally, the occurence of emerging
compounds in top predators should be considered in a weight of evi-
dence approach in risk assessments to trigger targeted risk management
within Europe.

CRediT authorship contribution statement

Cynthia A. de Wit: Conceptualization, Data curation, Formal ana-
lysis, Project administration, Supervision, Visualization, Writing - ori-
ginal draft, Writing - review & editing. Rossana Bossi:
Conceptualization, Formal analysis, Investigation, Validation, Writing -
review & editing. Rune Dietz: Funding acquisition, Project adminis-
tration, Supervision, Writing - review & editing. Annekatrin Dreyer:
Formal analysis, Investigation, Validation, Writing - review & editing.
Suzanne Faxneld: Conceptualization, Data curation, Resources,
Visualization, Writing - review & editing. Svend Erik Garbus:
Resources, Writing - review & editing. Peter Hellström: Resources,
Writing - review & editing. Jan Koschorreck: Conceptualization, Data
curation, Resources, Supervision, Writing - review & editing. Nina
Lohmann: Formal analysis, Investigation, Validation, Writing - review
& editing. Anna Roos: Conceptualization, Data curation, Project ad-
ministration, Resources, Writing - review & editing. Ulla Sellström:
Formal analysis, Investigation, Validation, Writing - review & editing.
Christian Sonne: Funding acquisition, Project administration, Writing
- review & editing. Gabriele Treu: Resources, Writing - review &
editing. Katrin Vorkamp: Conceptualization, Formal analysis,
Investigation, Project administration, Supervision, Validation, Writing -
review & editing. Bo Yuan: Formal analysis, Investigation, Resources,
Validation, Visualization, Writing - review & editing. Igor Eulaers:
Conceptualization, Data curation, Funding acquisition, Project admin-
istration, Supervision, Writing - review & editing.

Declaration of Competing Interest

The authors declare that they have no known competing financial
interests or personal relationships that could have appeared to influ-
ence the work reported in this paper.

Acknowledgements

We gratefully acknowledge Ulla Eriksson (ACES) and Inga Jensen
(AU) for extraction assistance and Ulla Eriksson and Anna-Lena
Egebäck (SU) for retrieving legacy POP data for Swedish ESB samples;
Mariam Khammari and Linnea Brokmar (SMNH) for preparing samples
from the Swedish ESB; Birgit Groth (AU) for preparation of the eider
samples and for determination of HFRs at AU. The Swedish
Environmental Protection Agency is acknowledged for funding the
Swedish Environmental Monitoring Programme, which supports the
Swedish ESB. The German Federal Ministry for the Environment,
Nature Protection and Nuclear Safety is acknowledged for funding the
German ESB and all German ESB routine project partners are ac-
knowledged for cooperation, especially the University of Trier, Eurofins
GfA Lab Service and the Fraunhofer Institute for Molecular Biology and
Applied Ecology. The BONUS BALTHEALTH project has received
funding from BONUS (Art. 185), funded jointly by the EU, Innovation
Fund Denmark (grants 6180-00001B and 6180-00002B),
Forschungszentrum Jülich GmbH, German Federal Ministry of
Education and Research (grant FKZ 03F0767A), Academy of Finland
(grant 311966), and Swedish Foundation for Strategic Environmental

C.A. de Wit, et al. Environment International 144 (2020) 106037

11



Research (MISTRA). 15. Juni Fonden and Jægernes Naturfond are ac-
knowledged for the financial support of the investigations at the
Christiansø, Denmark, common eider breeding colony.

Appendix A. Supplementary material

Supplementary data to this article can be found online at https://
doi.org/10.1016/j.envint.2020.106037.

References

Baccarelli, A., Pfeiffer, R., Consonni, D., Pesatori, A.C., Bonzini, M., Patterson, D.G.,
Bertazzi, P.A., Landi, M.T., 2005. Handling of dioxin measurement data in the pre-
sence of non-detectable values: Overview of available methods and their application
in the Seveso chloracne study. Chemosphere 60, 898–906. https://doi.org/10.1016/j.
chemosphere.2005.01.055.

Bekele, T.G., Zhao, H.X., Wang, Q.Z., Chen, J.W., 2019. Bioaccumulation and trophic
transfer of emerging organophosphate flame retardants in the marine food Webs of
Laizhou Bay, North China. Environ. Sci. Technol. 53, 13417–13426. https://doi.org/
10.1021/acs.est.9b03687.

Berggren, P., Ishaq, R., Zebuhr, Y., Naf, C., Bandh, C., Broman, D., 1999. Patterns and
levels of organochlorines (DDTs, PCBs, non-ortho PCBs and PCDD/Fs) in male har-
bour porpoises (Phocoena phocoena) from the Baltic Sea, the Kattegat-Skagerrak Seas
and the west coast of Norway. Mar. Poll. Bull. 38, 1070–1084. https://doi.org/10.
1016/s0025-326x(99)00098-3.

Bergman, A., Ryden, A., Law, R.J., de Boer, J., Covaci, A., Alaee, M., Birnbaum, L.,
Petreas, M., Rose, M., Sakai, S., van den Eede, N., van der Veen, I., 2012. A novel
abbreviation standard for organobromine, organochlorine and organophosphorus
flame retardants and some characteristics of the chemicals. Environ. Int. 49, 57–82.
https://doi.org/10.1016/j.envint.2012.08.003.

Bignert, A., Helander, B.O., 2015. Monitoring of contaminants and their effects on the
common Guillemot and the White-tailed sea eagle. J. Ornithol. 156, S173–S185.
https://doi.org/10.1007/s10336-015-1240-3.

Bjurlid, F., Roos, A., Jogsten, I.E., Hagberg, J., 2018. Temporal trends of PBDD/Fs, PCDD/
Fs, PBDEs and PCBs in ringed seals from the Baltic Sea (Pusa hispida botnica) be-
tween 1974 and 2015. Sci. Tot. Environ. 616, 1374–1383. https://doi.org/10.1016/j.
scitotenv.2017.10.178.

Blum, A., Behl, M., Birnbaum, L.S., Diamond, M.L., Phillips, A., Singla, V., Sipes, N.S.,
Stapleton, H.M., Venier, M., 2019. Organophosphate ester flame retardants: are they
a regrettable substitution for polybrominated diphenyl ethers? Environ. Sci. Technol.
Lett. 6, 638–649. https://doi.org/10.1021/acs.estlett.9b00582.

Brandsma, S.H., Leonards, P.E.G., Leslie, H.A., de Boer, J., 2015. Tracing organopho-
sphorus and brominated flame retardants and plasticizers in an estuarine food web.
Sci. Tot. Environ. 505, 22–31. https://doi.org/10.1016/j.scitotenv.2014.08.072.

Bredhult, C., Backlin, B.M., Bignert, A., Olovsson, M., 2008. Study of the relation between
the incidence of uterine leiomyomas and the concentrations of PCB and DDT in Baltic
gray seals. Reprod. Toxicol. 25, 247–255. https://doi.org/10.1016/j.reprotox.2007.
11.008.

Butt, C.M., Berger, U., Bossi, R., Tomy, G.T., 2010. Levels and trends of poly- and per-
fluorinated compounds in the arctic environment. Sci. Tot. Environ. 408, 2936–2965.
https://doi.org/10.1016/j.scitotenv.2010.03.015.

Covaci, A., Harrad, S., Abdallah, M.A.E., Ali, N., Law, R.J., Herzke, D., de Wit, C.A., 2011.
Novel brominated flame retardants: A review of their analysis, environmental fate
and behaviour. Environ. Int. 37, 532–556.

Danielsson, S., Ek, C., Faxneld, S., Winkens Pütz, K., 2019. The Swedish National
Monitoring Programme for Contaminants in Marine Biota (until 2017 year's date) -
Temporal trends and spatial variations- 2:2019. Swedish Museum of Natural History,
Stockholm, Sweden.

Darnerud, P.O., Biessmann, A., Brandt, I., 1982. Metabolic-fate of chlorinated paraffins -
Degree of chlorination of 1-C-14 -chlorododecanes in relation to degradation and
excretion in mice. Arch. Toxicol. 50, 217–226. https://doi.org/10.1007/bf00310853.

De Silva, A.O., Spencer, C., Scott, B.F., Backus, S., Muir, D.C.G., 2011. Detection of a
cyclic perfluorinated acid, perfluoroethylcyclohexane sulfonate, in the Great Lakes of
North America. Environ. Sci. Technol. 45, 8060–8066. https://doi.org/10.1021/
es200135c.

de Solla, S.R., De Silva, A.O., Letcher, R.J., 2012. Highly elevated levels of per-
fluorooctane sulfonate and other perfluorinated acids found in biota and surface
water downstream of an international airport, Hamilton, Ontario, Canada. Environ.
Int. 39, 19–26. https://doi.org/10.1016/j.envint.2011.09.011.

Dietz, R., Riget, F.F., Galatius, A., Sonne, C., Teilmann, J., Bossi, R., 2012. Spatial trends
of perfluorochemicals in harbor seals (Phoca vitulina) from Danish waters. Sci. Tot.
Environ. 414, 732–737. https://doi.org/10.1016/j.scitotenv.2011.09.048.

Dreyer, A., Neugebauer, F., Lohmann, N., Rüdel, H., Teubner, D., Grotti, M., Rauert, C.,
Koschorreck, J., 2019. Recent findings of halogenated flame retardants (HFR) in the
German and Polar environment. Environ. Poll. 253, 850–863. https://doi.org/10.
1016/j.envpol.2019.07.070.

Du, X.Y., Yuan, B., Zhou, Y.H., Benskin, J.P., Qiu, Y.L., Yin, G., Zhao, J.F., 2018. Short-,
Medium-, and Long-Chain Chlorinated Paraffins in Wildlife from Paddy Fields in the
Yangtze River Delta. Environ. Sci. Technol. 52, 1072–1080. https://doi.org/10.1021/
acs.est.7b05595.

ECHA, 2018. Inclusion of substances of very high concern in the Candidate List for
eventual inclusion in Annex XIV (accessed 17 January 2020). https://echaeuropaeu/

documents/10162/23f967f0-d76c-c59c-6af3-c865006599b8S.
ECHA, 2019. Regulatory management option analysis: Alkanes, C14–17, chloro (accessed

20 January 2020). https://echaeuropaeu/rmoa/-/dislist/details/0b0236e1811f547f.
Ei-Sayed, A.Y., Legler, J., 2010. Overview of mammalian and environmental toxicity of

chlorinated paraffins. In: de Boer, J. (Ed.), Handbook of Environmental Chemistry.
Springer-Verlag, Berlin, pp. 135–154.

Elmgren, R., Blenckner, T., Andersson, A., 2015. Baltic Sea management: Successes and
failures. Ambio 44, S335–S344. https://doi.org/10.1007/s13280-015-0653-9.

EU, 2006. REGULATION (EC) No 1907/2006 OF THE EUROPEAN PARLIAMENT AND OF
THE COUNCIL. Off. J. European Union L 396: 1-849.

EU, 2014. Commission Directive 2014/79/EU of 20 June 2014 amending Appendix C of
Annex II to Directive 2009/48/EC of the European Parliament and of the Council on
safety of toys, as regards TCEP, TCPP and TDCP. Off. J. European Union L 182: 49-51.

EU, 2017. COMMISSION REGULATION (EU) 2017/1000. Off. J. European Union L 150:
14-18.

Eulaers, I., Jaspers, V.L.B., Halley, D.J., Lepoint, G., Nygard, T., Pinxten, R., Covaci, A.,
Eens, M., 2014. Brominated and phosphorus flame retardants in White-tailed Eagle
Haliaeetus albicilla nestlings: Bioaccumulation and associations with dietary proxies
(delta C-13, delta N-15 and delta S-34). Sci. Tot. Environ. 478, 48–57. http://dx.soi.
org/10.1016/j.scitotenv.2014.01.051.

Faxneld, S., Berger, U., Helander, B., Danielsson, S., Miller, A., Nyberg, E., Persson, J.O.,
Bignert, A., 2016. Temporal trends and geographical differences of perfluoroalkyl
acids in baltic sea herring and white-tailed sea eagle eggs in Sweden. Environ. Sci.
Technol. 50, 13070–13079. https://doi.org/10.1021/acs.est.6b03230.

Fliedner, A., Lohmann, N., Rudel, H., Teubner, D., Wellmitz, J., Koschorreck, J., 2016.
Current levels and trends of selected EU Water Framework Directive priority sub-
stances in freshwater fish from the German environmental specimen bank. Environ.
Poll. 216, 866–876. https://doi.org/10.1016/j.envpol.2016.06.060.

Garbus, S.E., Lyngs, P., Christensen, J.P., Buchmann, K., Eulaers, I., Mosbech, A., Dietz,
R., Gilchrist, H.G., Sonne, C., 2018. Common Eider (Somateria mollissima) body
condition and parasitic load during a mortality event in the Baltic Proper. Avian Biol.
Res. 11, 167–172. https://doi.org/10.3184/175815618x15263798903780.

Gebbink, W.A., Bignert, A., Berger, U., 2016a. Perfluoroalkyl Acids (PFAAs) and Selected
Precursors in the Baltic Sea Environment: Do Precursors Play a Role in Food Web
Accumulation of PFAAs? Environ. Sci. Technol. 50, 6354–6362. https://doi.org/10.
1021/acs.est.6b01197.

Gebbink, W.A., Bossi, R., Riget, F.F., Rosing-Asvid, A., Sonne, C., Dietz, R., 2016b.
Observation of emerging per- and polyfluoroalkyl substances (PFASs) in Greenland
marine mammals. Chemosphere 144, 2384–2391. https://doi.org/10.1016/j.
chemosphere.2015.10.116.

Geng, N.B., Ren, X.Q., Gong, Y.F., Zhang, H.J., Wang, F.D., Xing, L.G., Cao, R., Xu, J.Z.,
Gao, Y., Giesy, J.P., Chen, J.P., 2019. Integration of metabolomics and tran-
scriptomics reveals short-chain chlorinated paraffin-induced hepatotoxicity in male
Sprague-Dawley rat. Environ. Int. 133, 105231. https://doi.org/10.1016/j.envint.
2019.105231.

Gluge, J., Schinkel, L., Hungerbuhler, K., Cariou, R., Bogdal, C., 2018. Environmental
risks of medium-chain chlorinated paraffins (MCCPs): a review. Environ. Sci.
Technol. 52, 6743–6760. https://doi.org/10.1021/acs.est.7b06459.

Greaves, A.K., Letcher, R.J., 2017. A review of organophosphate esters in the environ-
ment from biological effects to distribution and fate. Bull. Environ. Contam. Toxicol.
98, 2–7. https://doi.org/10.1007/s00128-016-1898-0.

Hallanger, I.G., Sagerup, K., Evenset, A., Kovacs, K.M., Leonards, P., Fuglei, E., Routti, H.,
Aars, J., Strom, H., Lydersen, C., Gabrielsen, G.W., 2015. Organophosphorous flame
retardants in biota from Svalbard, Norway. Mar. Poll. Bull. 101, 442–447. https://
doi.org/10.1016/j.marpolbul.2015.09.049.

Harju, M., Herzke, D., Kaasa, H., 2013. Perfluorinated alkylated substances (PFAS),
brominated flame retardants (BFR) and chlorinated paraffins (CP) in the Norwegian
environment – Screening 2013. Report no. 31/2013. Norwegian Institute for Air
Research (NILU), Norway.

Helander, B., Bignert, A., Asplund, L., 2008. Using raptors as environmental sentinels:
Monitoring the white-tailed sea eagle Haliaeetus albicilla in Sweden. Ambio 37,
425–431.

Helander, B., Olsson, A., Bignert, A., Asplund, L., Litzen, K., 2002. The role of DDE, PCB,
coplanar PCB and eggshell parameters for reproduction in the white-tailed sea eagle
(Haliaeetus albicilla) in Sweden. Ambio 31, 386–403.

Helle, E., Olsson, M., Jensen, S., 1976a. DDT and PCB levels and reproduction in ringed
seal from the Bothnian Bay. Ambio 5, 188–189.

Helle, E., Olsson, M., Jensen, S., 1976b. PCB levels correlated with pathological changes
in seal uteri. Ambio 5, 261–263.

Holmstrom, K.E., Berger, U., 2008. Tissue distribution of perfluorinated surfactants in
common guillemot (Uria aalge) from the Baltic Sea. Environ. Sci. Technol. 42,
5879–5884. https://doi.org/10.1021/es800529h.

Holmstrom, K.E., Jarnberg, U., Bignert, A., 2005. Temporal trends of PFOS and PFOA in
guillemot eggs from the Baltic Sea, 1968–2003. Environ. Sci. Technol. 39, 80–84.
https://doi.org/10.1021/es049257d.

Hou, R., Xu, Y.P., Wang, Z.J., 2016. Review of OPFRs in animals and humans: Absorption,
bioaccumulation, metabolism, and internal exposure research. Chemosphere 153,
78–90. https://doi.org/10.1016/j.chemosphere.2016.03.003.

Houde, M., Douville, M., Despatie, S.P., De Silva, A.O., Spencer, C., 2013. Induction of
gene responses in St. Lawrence River northern pike (Esox lucius) environmentally
exposed to perfluorinated compounds. Chemosphere 92, 1195–1200. https://doi.
org/10.1016/j.chemosphere.2013.01.099.

Huber, S., Ahrens, L., Bardsen, B.J., Siebert, U., Bustnes, J.O., Vikingsson, G.A.,
Ebinghaus, R., Herzke, D., 2012. Temporal trends and spatial differences of per-
fluoroalkylated substances in livers of harbor porpoise (Phocoena phocoena) popu-
lations from Northern Europe, 1991–2008. Sci. Tot. Environ. 419, 216–224. https://

C.A. de Wit, et al. Environment International 144 (2020) 106037

12

https://doi.org/10.1016/j.envint.2020.106037
https://doi.org/10.1016/j.envint.2020.106037
https://doi.org/10.1016/j.chemosphere.2005.01.055
https://doi.org/10.1016/j.chemosphere.2005.01.055
https://doi.org/10.1021/acs.est.9b03687
https://doi.org/10.1021/acs.est.9b03687
https://doi.org/10.1016/s0025-326x(99)00098-3
https://doi.org/10.1016/s0025-326x(99)00098-3
https://doi.org/10.1016/j.envint.2012.08.003
https://doi.org/10.1007/s10336-015-1240-3
https://doi.org/10.1016/j.scitotenv.2017.10.178
https://doi.org/10.1016/j.scitotenv.2017.10.178
https://doi.org/10.1021/acs.estlett.9b00582
https://doi.org/10.1016/j.scitotenv.2014.08.072
https://doi.org/10.1016/j.reprotox.2007.11.008
https://doi.org/10.1016/j.reprotox.2007.11.008
https://doi.org/10.1016/j.scitotenv.2010.03.015
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0055
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0055
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0055
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0060
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0060
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0060
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0060
https://doi.org/10.1007/bf00310853
https://doi.org/10.1021/es200135c
https://doi.org/10.1021/es200135c
https://doi.org/10.1016/j.envint.2011.09.011
https://doi.org/10.1016/j.scitotenv.2011.09.048
https://doi.org/10.1016/j.envpol.2019.07.070
https://doi.org/10.1016/j.envpol.2019.07.070
https://doi.org/10.1021/acs.est.7b05595
https://doi.org/10.1021/acs.est.7b05595
https://echaeuropaeu/documents/10162/23f967f0-d76c-c59c-6af3-c865006599b8S
https://echaeuropaeu/documents/10162/23f967f0-d76c-c59c-6af3-c865006599b8S
https://echaeuropaeu/rmoa/-/dislist/details/0b0236e1811f547f
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0105
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0105
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0105
https://doi.org/10.1007/s13280-015-0653-9
http://dx.soi.org/10.1016/j.scitotenv.2014.01.051
http://dx.soi.org/10.1016/j.scitotenv.2014.01.051
https://doi.org/10.1021/acs.est.6b03230
https://doi.org/10.1016/j.envpol.2016.06.060
https://doi.org/10.3184/175815618x15263798903780
https://doi.org/10.1021/acs.est.6b01197
https://doi.org/10.1021/acs.est.6b01197
https://doi.org/10.1016/j.chemosphere.2015.10.116
https://doi.org/10.1016/j.chemosphere.2015.10.116
https://doi.org/10.1016/j.envint.2019.105231
https://doi.org/10.1016/j.envint.2019.105231
https://doi.org/10.1021/acs.est.7b06459
https://doi.org/10.1007/s00128-016-1898-0
https://doi.org/10.1016/j.marpolbul.2015.09.049
https://doi.org/10.1016/j.marpolbul.2015.09.049
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0185
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0185
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0185
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0190
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0190
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0190
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0195
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0195
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0200
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0200
https://doi.org/10.1021/es800529h
https://doi.org/10.1021/es049257d
https://doi.org/10.1016/j.chemosphere.2016.03.003
https://doi.org/10.1016/j.chemosphere.2013.01.099
https://doi.org/10.1016/j.chemosphere.2013.01.099
https://doi.org/10.1016/j.scitotenv.2011.12.050


doi.org/10.1016/j.scitotenv.2011.12.050.
Huber, S., Warner, N.A., Nygard, T., Remberger, M., Harju, M., Uggerud, H.T., Kaj, L.,

Hanssen, L., 2015. A broad cocktail of environmental pollutants found in eggs of
three seabird species from remote colonies in Norway. Environ. Toxicol. Chem. 34,
1296–1308. https://doi.org/10.1002/etc.2956.

Iqbal, M., Syed, J.H., Katsoyiannis, A., Malik, R.N., Farooqi, A., Butt, A., Li, J., Zhang, G.,
Cincinelli, A., Jones, K.C., 2017. Legacy and emerging flame retardants (FRs) in the
freshwater ecosystem: A review. Environ. Res. 152, 26–42. https://doi.org/10.1016/
j.envres.2016.09.024.

Jensen, S., Haggberg, L., Jorundsdottir, H., Odham, G., 2003. A quantitative lipid ex-
traction method for residue analysis of fish involving nonhalogenated solvents. J.
Agri. Food Chem. 51, 5607–5611. https://doi.org/10.1021/jf0301201.

Jensen, S., Johnels, A.G., Olsson, M., Otterlind, G., 1969. DDT and PCB in marine animals
from Swedish waters. Nature 224, 247–250. https://doi.org/10.1038/224247a0.

Jensen, S., Johnels, A.G., Olsson, M., Otterlind, G., 1972. DDT and PCB in herring and cod
from the Baltic, Kattegat and the Skagerrak. Ambio Special Report 1, 71–85.

Joerss, H., Apel, C., Ebinghaus, R., 2019. Emerging per- and polyfluoroalkyl substances
(PFASs) in surface water and sediment of the North and Baltic Seas. Sci. Tot. Environ.
686, 360–369. https://doi.org/10.1016/j.scitotenv.2019.05.363.

Jonsson, P., 2000. Sediment burial of PCBs in the offshore Baltic Sea. Ambio 29, 260–267.
https://doi.org/10.1639/0044-7447(2000)029[0260:sbopit]2.0.co;2.

Josefsson, S., Leonardsson, K., Gunnarsson, J.S., Wiberg, K., 2010. Bioturbation-Driven
Release of Buried PCBs and PBDEs from Different Depths in Contaminated Sediments.
Environ. Sci. Technol. 44, 7456–7464. https://doi.org/10.1021/es100615g.

Kim, S., Cho, Y.S., Kim, H.M., Chung, O., Kim, H., Jho, S., Seomun, H., Kim, J., Bang,
W.Y., Kim, C., An, J., Bae, C.H., Bhak, Y., Jeon, S., Yoon, H., Kim, Y., Jun, J., Lee, H.,
Cho, S., Uphyrkina, O., Kostyria, A., Goodrich, J., Miquelle, D., Roelke, M., Lewis, J.,
Yurchenko, A., Bankevich, A., Cho, J., Lee, S., Edwards, J.S., Weber, J.A., Cook, J.,
Kim, S., Lee, H., Manica, A., Lee, I., O'Brien, S.J., Bhak, J., Yeo, J.H., 2016.
Comparison of carnivore, omnivore, and herbivore mammalian genomes with a new
leopard assembly. Genome Biol. 17, 211. https://doi.org/10.1186/s13059-016-
1071-4.

Klein, R., Paulus, M., Tarricone, K., Teubner, D. 2018. Guidelines for sampling and sample
processing – Eelpout (Zoarces viviparus). https://www.umweltprobenbank.de/.
German Federal Environment Agency (UBA), Berlin, Germany.

Koponen, J., Airaksinen, R., Hallikainen, A., Vuorinen, P.J., Mannio, J., Kiviranta, H.,
2015. Perfluoroalkyl acids in various edible Baltic, freshwater, and farmed fish in
Finland. Chemosphere 129, 186–191. https://doi.org/10.1016/j.chemosphere.2014.
08.077.

Kratzer, J., Ahrens, L., Roos, A., Backlin, B.M., Ebinghaus, R., 2011. Temporal trends of
polyfluoroalkyl compounds (PFCs) in liver tissue of grey seals (Halichoerus grypus)
from the Baltic Sea, 1974–2008. Chemosphere 84, 1592–1600. https://doi.org/10.
1016/j.chemosphere.2011.05.036.

Law, R.J., Losada, S., Barber, J.L., Bersuder, P., Deaville, R., Brownlow, A., Penrose, R.,
Jepson, P.D., 2013. Alternative flame retardants, Dechlorane Plus and BDEs in the
blubber of harbour porpoises (Phocoena phocoena) stranded or bycaught in the UK
during 2008. Environ. Int. 60, 81–88. https://doi.org/10.1016/j.envint.2013.08.009.

Lescord, G.L., Kidd, K.A., De Silva, A.O., Williamson, M., Spencer, C., Wang, X.W., Muir,
D.C.G., 2015. Perfluorinated and polyfluorinated compounds in lake food webs from
the Canadian high arctic. Environ. Sci. Technol. 49, 2694–2702. https://doi.org/10.
1021/es5048649.

Letcher, R.J., Su, G.Y., Moore, J.N., Williams, L.L., Martin, P.A., de Solla, S.R., Bowerman,
W.W., 2015. Perfluorinated sulfonate and carboxylate compounds and precursors in
herring gull eggs from across the Laurentian Great Lakes of North America: Temporal
and recent spatial comparisons and exposure implications. Sci. Tot. Environ. 538,
468–477. https://doi.org/10.1016/j.scitotenv.2015.08.083.

McKinney, M.A., Dietz, R., Sonne, C., de Guise, S., Skirnisson, K., Karlsson, K.,
Steingrimsson, E., Letcher, R.J., 2011. Comparative hepatic microsomal bio-
transformation of selected PBDEs, including decabromodiphenyl ether, and deca-
bromodiphenyl ethane flame retardants in Arctic marine-feeding mammals. Environ.
Toxicol. Chem. 30, 1506–1514. https://doi.org/10.1002/etc.535.

Muir, D., Bossi, R., Carlsson, P., Evans, M., De Silva, A., Halsall, C., Rauert, C., Herzke, D.,
Hung, H., Letcher, R., Riget, F., Roos, A., 2019. Levels and trends of poly- and per-
fluoralkyl substances in the Arctic environment - An update. Em. Contam. 5,
240–271. https://doi.org/10.1016/j.emcon.2019.06.002.

Mustajarvi, L., Nybom, I., Eriksson-Wiklund, A.K., Eek, E., Cornelissen, G., Sobek, A.,
2019. How important is bioturbation for sediment-to-water flux of polycyclic aro-
matic hydrocarbons in the Baltic Sea? Environ. Toxicol. Chem. 38, 1803–1810.
https://doi.org/10.1002/etc.4459.

Neugebauer, F., Dreyer, A., Lohmann, N., Koschorreck, J., 2018. Determination of halo-
genated flame retardants by GC-API-MS/MS and GC-EI-MS: a multi-compound multi-
matrix method. Anal. Bioanal. Chem. 410, 1375–1387. https://doi.org/10.1007/
s00216-017-0784-x.

Nyberg, E., Faxneld, S., Danielsson, S., Eriksson, U., Miller, A., Bignert, A., 2015.
Temporal and spatial trends of PCBs, DDTs, HCHs, and HCB in Swedish marine biota
1969–2012. Ambio 44, S484–S497. https://doi.org/10.1007/s13280-015-0673-5.

Nyman, M., Bergknut, M., Fant, M.L., Raunio, H., Jestoi, M., Bengs, C., Murk, A.,
Koistinen, J., Backman, C., Pelkonen, O., Tysklind, M., Hirvi, T., Helle, E., 2003.
Contaminant exposure and effects in Baltic ringed and grey seals as assessed by
biomarkers. Mar. Environ. Res. 55, 73–99. https://doi.org/10.1016/s0141-1136(02)
00218-0.

Olsson, M., Bignert, A., Eckhell, J., Jonsson, P., 2000. Comparison of temporal trends
(1940s–1990s) of DDT and PCB in Baltic sediment and biota in relation to eu-
trophication. Ambio 29, 195–201. https://doi.org/10.1639/0044-7447(2000)
029[0195:cottod]2.0.co;2.

Papachlimitzou, A., Barber, J.L., Losada, S., Bersuder, P., Deaville, R., Brownlow, A.,

Penrose, R., Jepson, P.D., Law, R.J., 2015. Organophosphorus flame retardants
(PFRs) and plasticisers in harbour porpoises (Phocoena phocoena) stranded or by-
caught in the UK during 2012. Mar. Poll. Bull. 98, 328–334. https://doi.org/10.
1016/j.marpolbul.2015.06.034.

Paulus, M., Klein, R., Teubner, D. 2018. Guidelines for sampling and sample processing -
Blue Mussel (Mytilus edulis-Complex). https://www.umweltprobenbank.de/.
German Federal Environment Agency (UBA), Berlin, Germany.

Reth, M., Zencak, Z., Oehme, M., 2005. First study of congener group patterns and con-
centrations of short- and medium-chain chlorinated paraffins in fish from the North
and Baltic Sea. Chemosphere 58, 847–854. https://doi.org/10.1016/j.chemosphere.
2004.09.036.

Rjabova, J., Bartkevics, V., Zacs, D., 2016. The occurrence of Dechlorane Plus and related
norbornene-based flame retardants in Baltic wild salmon (Salmo salar). Chemosphere
147, 210–217. https://doi.org/10.1016/j.chemosphere.2015.12.122.

Roos, A.M., Backlin, B., Helander, B.O., Riget, F.E., Eriksson, U.C., 2012. Improved re-
productive success in otters (Lutra lutra), grey seals (Halichoerus grypus) and sea
eagles (Haliaeetus albicilla) from Sweden in relation to concentrations of organo-
chlorine contaminants. Environ. Poll. 170, 268–275. https://doi.org/10.1016/j.
envpol.2012.07.017.

Rüdel, H., Muller, J., Jurling, H., Bartel-Steinbach, M., Koschorreck, J., 2011. Survey of
patterns, levels, and trends of perfluorinated compounds in aquatic organisms and
bird eggs from representative German ecosystems. Environ. Sci. Poll. Res. 18,
1457–1470. https://doi.org/10.1007/s11356-011-0501-9.

Rüdel, H., Uhlig, S., Weingartner, M. 2008. Guidelines for Sampling and Sample
Processing: Pulverisation and Homogenisation of Environmental Samples by
Cryomilling. December 2008, V 2.0.0. https://www.umweltprobenbank.de/upb_
static/fck/download/IME_SOP_preparation_Dez2008_V200.pdf. Fraunhofer IME,
Schmallenberg, Germany for German Environmental Agency (Umweltbundesamt),
Dessau-Rosslau, Germany.

Scheringer, M., Trier, X., Cousins, I.T., de Voogt, P., Fletcher, T., Wang, Z.Y., Webster,
T.F., 2014. Helsingor Statement on poly- and perfluorinated alkyl substances (PFASs).
Chemosphere 114, 337–339. https://doi.org/10.1016/j.chemosphere.2014.05.044.

Sobek, A., Sundqvist, K.L., Assefa, A.T., Wiberg, K., 2015. Baltic Sea sediment records:
Unlikely near-future declines in PCBs and HCB. Sci. Tot. Environ. 518, 8–15. https://
doi.org/10.1016/j.scitotenv.2015.02.093.

Sobek, A., Wiberg, K., Sundqvist, K.L., Haglund, P., Jonsson, P., Cornelissen, G., 2014.
Coastal sediments in the Gulf of Bothnia as a source of dissolved PCDD/Fs and PCBs
to water and fish. Sci. Tot. Environ. 487, 463–470. https://doi.org/10.1016/j.
scitotenv.2014.04.041.

Sonne, C., Jepson, P.D., Desforges, J.P., Alstrup, A.K.O., Olsen, M.T., Eulaers, I., Hansen,
M., Letcher, R.J., McKinney, M.A., Dietz, R. 2018. Pollution threatens toothed
whales. Science 361: 1208-1208. 10.1126/science.aav2403.

Strobel, A., Wilimore, W.G., Sonne, C., Dietz, R., Letcher, R.J., 2018. Organophosphate
esters in East Greenland polar bears and ringed seals: Adipose tissue concentrations
and in vitro depletion and metabolite formation. Chemosphere 196, 240–250.
https://doi.org/10.1016/j.chemosphere.2017.12.181.

Su, G., Letcher, R.J., Moore, J.N., Williams, L.L., Grasman, K.A., 2017. Contaminants of
emerging concern in Caspian tern compared to herring gull eggs from Michigan co-
lonies in the Great Lakes of North America. Environ. Poll. 222, 154–164. https://doi.
org/10.1016/j.envpol.2016.12.061.

Sun, J.C., Bossi, R., Bustnes, J.O., Helander, B., Boertmann, D., Dietz, R., Herzke, D.,
Jaspers, V.L.B., Labansen, A.L., Lepoint, G., Schulz, R., Sonne, C., Thorup, K., Tottrup,
A.P., Zubrod, J.P., Eens, M., Eulaers, I., 2019. White-Tailed Eagle (Haliaeetus albi-
cilla) Body Feathers Document Spatiotemporal Trends of Perfluoroalkyl Substances in
the Northern Environment. Environ. Sci. Technol. 53, 12744–12753. https://doi.org/
10.1021/acs.est.9b03514.

Sundkvist, A.M., Olofsson, U., Haglund, P., 2010. Organophosphorus flame retardants
and plasticizers in marine and fresh water biota and in human milk. J. Environ.
Monit. 12, 943–951. https://doi.org/10.1039/b921910b.

UBA, 2019. Umweltbundesamt Environmental Specimen Bank Database (accessed 15
December 2019). https://umweltprobenbankde/en/documents/investigations/
results/analytes?analytes=10011+10018+10360&sampling_areas=10059&
sampling_years=2015&specimen_types=10002.

UNEP, 2017a. Stockholm Convention on Persistent Organic Pollutants (POPs), Texts and
Annexes, Revised in 2017. United Nations Environment Programme, Geneva,
Switzerland http://chmpopsint/Portals/0/downloadaspx?d=UNEP-POPS-COP-
CONVTEXT-2017Englishpdf (accessed 17 January 2020).

UNEP, 2017b. Decision SC 8/11: Listing of short-chain chlorinated paraffins. UNEP/
POPS/COP.8/SC8/11. United Nations Environment Programme (UNEP), Geneva,
Switzerland.

UNEP, 2019. POPRC Recommendations for listing Chemicals (accessed 17 January 2020).
http://chmpopsint/Convention/POPsReviewCommittee/Chemicals/tabid/243/
Defaultaspx.

van der Veen, I., de Boer, J., 2012. Phosphorus flame retardants: Properties, production,
environmental occurrence, toxicity and analysis. Chemosphere 88, 1119–1153.
https://doi.org/10.1016/j.chemosphere.2012.03.067.

van Mourik, L.M., Gaus, C., Leonards, P.E.G., de Boer, J., 2016. Chlorinated paraffins in
the environment: A review on their production, fate, levels and trends between 2010
and 2015. Chemosphere 155, 415–428. https://doi.org/10.1016/j.chemosphere.
2016.04.037.

Vorkamp, K., Balmer, J., Hung, H., Letcher, R.J., Rigét, F.F., 2019b. A review of chlori-
nated paraffin contamination in Arctic ecosystems. Em. Contam. 5, 219–231. https://
doi.org/10.1016/j.emcon.2019.06.001.

Vorkamp, K., Balmer, J., Hung, H., Letcher, R.J., Riget, F., de Wit, C.A., 2019a. Current-
use halogenated and organophosphorous flame retardants: A review of their presence
in Arctic ecosystems. Em. Contam. 5, 179–200. https://doi.org/10.1016/j.emcon.

C.A. de Wit, et al. Environment International 144 (2020) 106037

13

https://doi.org/10.1016/j.scitotenv.2011.12.050
https://doi.org/10.1002/etc.2956
https://doi.org/10.1016/j.envres.2016.09.024
https://doi.org/10.1016/j.envres.2016.09.024
https://doi.org/10.1021/jf0301201
https://doi.org/10.1038/224247a0
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0250
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0250
https://doi.org/10.1016/j.scitotenv.2019.05.363
https://doi.org/10.1639/0044-7447(2000)029[0260:sbopit]2.0.co;2
https://doi.org/10.1021/es100615g
https://doi.org/10.1186/s13059-016-1071-4
https://doi.org/10.1186/s13059-016-1071-4
https://www.umweltprobenbank.de/
https://doi.org/10.1016/j.chemosphere.2014.08.077
https://doi.org/10.1016/j.chemosphere.2014.08.077
https://doi.org/10.1016/j.chemosphere.2011.05.036
https://doi.org/10.1016/j.chemosphere.2011.05.036
https://doi.org/10.1016/j.envint.2013.08.009
https://doi.org/10.1021/es5048649
https://doi.org/10.1021/es5048649
https://doi.org/10.1016/j.scitotenv.2015.08.083
https://doi.org/10.1002/etc.535
https://doi.org/10.1016/j.emcon.2019.06.002
https://doi.org/10.1002/etc.4459
https://doi.org/10.1007/s00216-017-0784-x
https://doi.org/10.1007/s00216-017-0784-x
https://doi.org/10.1007/s13280-015-0673-5
https://doi.org/10.1016/s0141-1136(02)00218-0
https://doi.org/10.1016/s0141-1136(02)00218-0
https://doi.org/10.1639/0044-7447(2000)029[0195:cottod]2.0.co;2
https://doi.org/10.1639/0044-7447(2000)029[0195:cottod]2.0.co;2
https://doi.org/10.1016/j.marpolbul.2015.06.034
https://doi.org/10.1016/j.marpolbul.2015.06.034
https://www.umweltprobenbank.de/
https://doi.org/10.1016/j.chemosphere.2004.09.036
https://doi.org/10.1016/j.chemosphere.2004.09.036
https://doi.org/10.1016/j.chemosphere.2015.12.122
https://doi.org/10.1016/j.envpol.2012.07.017
https://doi.org/10.1016/j.envpol.2012.07.017
https://doi.org/10.1007/s11356-011-0501-9
https://www.umweltprobenbank.de/upb_static/fck/download/IME_SOP_preparation_Dez2008_V200.pdf
https://www.umweltprobenbank.de/upb_static/fck/download/IME_SOP_preparation_Dez2008_V200.pdf
https://doi.org/10.1016/j.chemosphere.2014.05.044
https://doi.org/10.1016/j.scitotenv.2015.02.093
https://doi.org/10.1016/j.scitotenv.2015.02.093
https://doi.org/10.1016/j.scitotenv.2014.04.041
https://doi.org/10.1016/j.scitotenv.2014.04.041
https://doi.org/10.1016/j.chemosphere.2017.12.181
https://doi.org/10.1016/j.envpol.2016.12.061
https://doi.org/10.1016/j.envpol.2016.12.061
https://doi.org/10.1021/acs.est.9b03514
https://doi.org/10.1021/acs.est.9b03514
https://doi.org/10.1039/b921910b
https://umweltprobenbankde/en/documents/investigations/results/analytes%3fanalytes%3d10011%2b10018%2b10360%26sampling_areas%3d10059%26sampling_years%3d2015%26specimen_types%3d10002
https://umweltprobenbankde/en/documents/investigations/results/analytes%3fanalytes%3d10011%2b10018%2b10360%26sampling_areas%3d10059%26sampling_years%3d2015%26specimen_types%3d10002
https://umweltprobenbankde/en/documents/investigations/results/analytes%3fanalytes%3d10011%2b10018%2b10360%26sampling_areas%3d10059%26sampling_years%3d2015%26specimen_types%3d10002
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0425
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0425
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0425
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0425
http://chmpopsint/Convention/POPsReviewCommittee/Chemicals/tabid/243/Defaultaspx
http://chmpopsint/Convention/POPsReviewCommittee/Chemicals/tabid/243/Defaultaspx
https://doi.org/10.1016/j.chemosphere.2012.03.067
https://doi.org/10.1016/j.chemosphere.2016.04.037
https://doi.org/10.1016/j.chemosphere.2016.04.037
https://doi.org/10.1016/j.emcon.2019.06.001
https://doi.org/10.1016/j.emcon.2019.06.001
https://doi.org/10.1016/j.emcon.2019.05.004


2019.05.004.
Vorkamp, K., Bossi, R., Riget, F.F., Skov, H., Sonne, C., Dietz, R., 2015. Novel brominated

flame retardants and dechlorane plus in Greenland air and biota. Environ. Poll. 196,
284–291. https://doi.org/10.1016/j.envpol.2014.10.007.

Wang, B., Iino, F., Yu, G., Huang, J., Morita, M., 2010. The pollution status of emerging
persistent organic pollutants in China. Environ. Eng. Sci. 27, 215–225.

Wang, D., Jia, H.L., Hong, W.J., Xue, X., Sun, Y., Li, Y.F., Guo, W., 2020. Uptake, de-
puration, bioaccumulation, and selective enrichment of dechlorane plus in common
carp (Cyprinus carpio). Environ. Sci. Poll. Res. 27, 6269–6277. https://doi.org/10.
1007/s11356-019-07239-8.

Wang, S.W., Huang, J., Yang, Y., Hui, Y.M., Ge, Y.X., Larssen, T., Yu, G., Deng, S.B., Wang,
B., Harman, C., 2013. First report of a Chinese PFOS alternative overlooked for 30
years: its toxicity, persistence, and presence in the environment. Environ. Sci.
Technol. 47, 10163–10170. https://doi.org/10.1021/es401525n.

Wang, Y., Chang, W.G., Wang, L., Zhang, Y.F., Zhang, Y., Wang, M., Wang, Y., Li, P.F.,
2019. A review of sources, multimedia distribution and health risks of novel fluori-
nated alternatives. Ecotox. Environ. Safety 182. https://doi.org/10.1016/j.ecoenv.
2019.109402.

Wang, Y., Vestergren, R., Shi, Y.L., Cao, D., Xu, L., Cai, Y.Q., Zhao, X.L., Wu, F.C., 2016.
Identification, tissue distribution, and bioaccumulation potential of cyclic per-
fluorinated sulfonic acids isomers in an airport impacted ecosystem. Environ. Sci.
Technol. 50, 10923–10932. https://doi.org/10.1021/acs.est.6b01980.

Wong, F., Suzuki, G., Michinaka, C., Yuan, B., Takigami, H., de Wit, C.A., 2017. Dioxin-

like activities, halogenated flame retardants, organophosphate esters and chlorinated
paraffins in dust from Australia, the United Kingdom, Canada, Sweden and China.
Chemosphere 168, 1248–1256. https://doi.org/10.1016/j.chemosphere.2016.10.
074.

Wu, Y., Simon, K.L., Best, D.A., Bowerman, W., Venier, M., 2020. Novel and legacy per-
and polyfluoroalkyl substances in bald eagle eggs from the Great Lakes region.
Environ. Poll. 260. https://doi.org/10.1016/j.envpol.2019.113811.

Yuan, B., Alsberg, T., Bogdal, C., MacLeod, M., Berger, U., Gao, W., Wang, Y.W., de Wit,
C.A., 2016. Deconvolution of soft ionization mass spectra of chlorinated paraffins to
resolve congener groups. Anal. Chem. 88, 8980–8988. https://doi.org/10.1021/acs.
analchem.6b01172.

Yuan, B., Strid, A., Darnerud, P.O., de Wit, C.A., Nystrom, J., Bergman, A., 2017.
Chlorinated paraffins leaking from hand blenders can lead to significant human ex-
posures. Environ. Int. 109, 73–80. https://doi.org/10.1016/j.envint.2017.09.014.

Yuan, B., Tay, J.H., Papadopoulou, E., Haug, L.S., Padilla-Sanchez, J.A., de Wit, C.A.,
2020. Complex mixtures of chlorinated paraffins found in hand wipes of a Norwegian
Cohort. Environ. Sci. Technol. Lett. 7, 198–205. https://doi.org/10.1021/acs.estlett.
0c00090.

Yuan, B., Vorkamp, K., Roos, A.M., Faxneld, S., Sonne, C., Garbus, S.E., Lind, Y., Eulaers,
I., Hellstrom, P., Dietz, R., Persson, S., Bossi, R., de Wit, C.A., 2019. Accumulation of
short-, medium-, and long-chain chlorinated paraffins in marine and terrestrial ani-
mals from scandinavia. Environ. Sci. Technol. 53, 3526–3537. https://doi.org/10.
1021/acs.est.8b06518.

C.A. de Wit, et al. Environment International 144 (2020) 106037

14

https://doi.org/10.1016/j.emcon.2019.05.004
https://doi.org/10.1016/j.envpol.2014.10.007
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0460
http://refhub.elsevier.com/S0160-4120(20)31992-9/h0460
https://doi.org/10.1007/s11356-019-07239-8
https://doi.org/10.1007/s11356-019-07239-8
https://doi.org/10.1021/es401525n
https://doi.org/10.1016/j.ecoenv.2019.109402
https://doi.org/10.1016/j.ecoenv.2019.109402
https://doi.org/10.1021/acs.est.6b01980
https://doi.org/10.1016/j.chemosphere.2016.10.074
https://doi.org/10.1016/j.chemosphere.2016.10.074
https://doi.org/10.1016/j.envpol.2019.113811
https://doi.org/10.1021/acs.analchem.6b01172
https://doi.org/10.1021/acs.analchem.6b01172
https://doi.org/10.1016/j.envint.2017.09.014
https://doi.org/10.1021/acs.estlett.0c00090
https://doi.org/10.1021/acs.estlett.0c00090
https://doi.org/10.1021/acs.est.8b06518
https://doi.org/10.1021/acs.est.8b06518

	Organohalogen compounds of emerging concern in Baltic Sea biota: Levels, biomagnification potential and comparisons with legacy contaminants
	1 Introduction
	2 Materials and methods
	2.1 Sample collection
	2.2 Chemical analysis
	2.2.1 Organophosphate esters
	2.2.2 Chlorinated paraffins
	2.2.3 Halogenated flame retardants
	2.2.4 Per- and polyfluoroalkyl substances

	2.3 Estimation of biomagnification potential
	2.4 Data for legacy contaminants
	2.5 Data analysis

	3 Results and discussion
	3.1 Organophosphate esters
	3.2 Chlorinated paraffins
	3.3 Halogenated flame retardants
	3.4 Per- and polyfluoroalkyl substances
	3.5 Comparisons between contaminant groups
	3.6 Comparisons to legacy POPs
	3.7 Biomagnification potential

	4 Conclusions
	CRediT authorship contribution statement
	Declaration of Competing Interest
	Acknowledgements
	Appendix A Supplementary material
	References




